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RESUMO 

 

SALOMÃO, A. L. S. Ocorrência e Ecotoxicidade de Desreguladores Endócr inos Químicos 
em Ambientes Aquáticos e em Sistemas de Tratamento de Esgoto . 2014. 99 p. Tese 
(Doutorado em Meio Ambiente) – Universidade do Estado do Rio de Janeiro, Rio de Janeiro; 
Linnaeus University, Kalmar, 2014. 
 

A aplicabilidade de um método selecionado de medição indireta de vitelogenina (Vtg) em 
plasma sanguíneo de peixe, baseado na quantificação de fosfato álcali-lábil (alkali-labile 
phosphate-ALP) para acessar estrogenicidade em água, foi investigada na presente tese. O 
método foi originalmente desenvolvido para a espécie de peixe Carassius carassius (Carpa 
cruciana) e aplicado pela primeira vez na espécie Oreochromis niloticus (Tilápia do Nilo) no 
presente estudo. Com o objetivo de acessar a sensibilidade do método, em uma primeira etapa da 
investigação foram realizados estudos laboratoriais com soluções estoques de 17α-
ethinylestradiol (EE2), 17β-estradiol (E2), e estrona (E1). Os efeitos destes hormônios foram 
investigados com base tanto na concentração quanto na carga, utilizando-se para tanto, unidades 
experimentais com volumes distintos (2 L e 130 L). Após a validação do método de ALP, a 
estrogenicidade foi avaliada nas seguintes águas contaminadas: (i) afluente e efluente de uma 
grande estação de tratamento de esgotos convencional (ETE) e de uma estação descentralizada 
de tratamento de esgoto de pequeno porte (Ecossistema Engenheirado-DEE); (ii) água superficial 
(SW) e água subterrânea (GW) coletadas em uma área de brejo contaminada com gasolina; (iii) 
água de uma lagoa urbana (LRF) da cidade do Rio de Janeiro, com alta densidade populacional e 
descarte clandestino de esgoto. Na segunda etapa foram analisados em microalgas os efeitos 
(outros que não disrupção endócrina) causados pelos hormônios EE2, E2 e E1. Os hormônios 
foram testados individualmente e em misturas, em culturas individuais e combinada (S+) das 
espécies de microalgas unicelulares P. subcapitata e D. subspicatus. Com base nos níveis de ALP 
para a espécie de peixe e no EC50 para as espécies de algas, os resultados mostraram que o EE2 
e o E2 causaram disrupção endócrina superior e foram mais tóxicos do que o E1 para peixes e 
microalgas respectivamente. Quando em misturas (E+) de concentrações equivalentes 
(EE2:E2:E1), os estrogênios resultaram em efeito aditivo para as espécies O. niloticus e P. 
subcapitata, e menos que aditivo para D. subspicatus e cultivo misto de algas (S+). Culturas 
contendo ambas as espécies de algas (S+) por um longo período de exposição (96 h) resultaram 
na atenuação dos efeitos tóxicos causados pela exposição, tanto individual (EE2, E2 ou E1), 
quanto na mistura (E+) dos estrogênios, medidos em termos de EC50 (T0h 0,07; 0,09; 0,18; e 0,06 
µg mL-1; e T96h 1,29; 1,87; 5,58; e 4,61 µg mL-1, respectivamente). O DEE apresentou uma maior 
eficiência na remoção dos disrutores endócrinos do que a ETE convencional.  Foi detectada 
estrogenicidade em amostras da LRF, e de água SW e GW em área brejosa contaminada com 
gasolina. Os resultados dos ensaios sugerem que as interações (efeitos aditivos ou menos que 
aditivo) causadas pela mistura dos estrogênios assim como, as interações entre as espécies de 
algas afetaram o resultado final dos ensaios ecotoxicológicos. Um fator raramente abordado em 
estudos ecotoxicológicos que foi destacado na presente tese refere-se à importância de 
considerar não somente a concentração e a dosagem, mas também a carga aplicada e o volume 
das unidades experimentais. Devido à boa sensibilidade do O. niloticus quando exposto às 
concentrações relativamente baixas dos estrogênios, a combinação do método de ALP com os 
biomarcadores auxiliares (particularmente MN) pode ser um protocolo adequado para a detecção 
de estogenicidade e genotoxicidade respectivamente em diferentes ambiente aquáticos 
contaminados, como parte de um programa de monitoramento ambiental.   
 
Palavras-chave: Desreguladores endócrinos. Alkali-labile phosphate. Hormônios estrogênicos. 
Oreochromis niloticus. Microalga unicellular verde. Efeito aditivo. Efeito menos que aditivo. 
Toxidade crônica. 



 

 

ABSTRACT 

 

SALOMÃO, A.L.S. Occurrence and ecotoxicity of endocrine disruptor c hemicals in aquatic 
environment and sewage treatment systems . 2014. 99 p. Tese (Doutorado em Meio Ambiente) 
– Universidade do Estado do Rio de Janeiro, Rio de Janeiro; Linnaeus University, Kalmar, 2014.  

 

The applicability of one selected method for indirect measurement of vitellogenin (Vtg) in 
fish plasma based on the quantification of alkali-labile phosphates (ALP method) to assess 
estrogenicity in water was investigated. The ALP method applied in this investigation was originally 
developed with Carassius carassius (Crucian carps). This thesis describes the first attempt of 
using this method with Oreochromis niloticus (Nile tilapia). In a first part of the investigation, 
laboratory studies were conducted with water spiked with 17α-ethinylestradiol (EE2), 17β-estradiol 
(E2), and estrone (E1) in order to assess the method sensitivity. The effects of these estrogens 
were investigated on the basis of both load and concentration, using experimental units with two 
different volumes (2 L and 130 L). After validation of the method, the estrogenicity of the following 
contaminated waters was assessed: (i) affluent and effluent of one large conventional municipal 
wastewater treatment plant (WWTP) and one small decentralized wastewater treatment plant 
(Decentralized Engineered Ecosystem-DEE); (ii) surface water (SW) and groundwater (GW) 
obtained from a gasoline-contaminated marshland; (iii) samples from a urban lagoon (LRF) located 
in Rio de Janeiro city with high density population and clandestine sewage discharge. An additional 
goal of the thesis was to assess the effect (other than endocrine disruption) caused by EE2, E2 
and E1 to microalgae. Assays with single and mixed estrogens and single and combined cultures 
(S+) of the green microalgae P. subcapitata and D. subspicatus were carried out. The results have 
shown that EE2 and E2 were more estrogenic and toxic than E1 to the fishes and to the 
microalgae respectively. Mixed solutions of estrogens (E+) in equal proportions (EE2:E2:E1) 
resulted in additive effect on O. niloticus and P. subcapitata and less-than-additive effect on 
D. subspicatus and S+ measured as ALP (for fish) and EC50 (for microalgae). Combined cultivation 
of both algae species and longer exposure time (96 h) resulted in attenuation of the toxic effects 
caused by single (EE2, E2 or E1) and mixed (E+) estrogens according to EC50 (T0h 0.07, 0.09, 
0.18, and 0.06 µg mL-1; and T96h 1.29, 1.87, 5.58, and 4.61 µg mL-1, respectively). The 
decentralized engineered ecosystem was more efficient than the conventional WWTP regarding 
estrogenicity removal from the final effluent. Estrogenicity was detected in some samples of the 
LRF and the SW and GW of the gasoline-contaminated marshland. Therefore, the investigations 
suggested that interactions (additive and less-than additive effect) take place when different 
estrogens are present in the water environment and interactions also occur between algae 
species, which affect the final toxicity. Additionally, the study highlighted the importance of taking 
into account not only concentration and dose regime but also the mass load and therefore, the 
volume used in the experimental units, which are rarely addressed in ecotoxicity assays. 
Considering the good sensitivity of O. niloticus exposed to relatively low concentrations of 
estrogens, the combination of the ALP method with auxiliary biomarkers (particularly MN) can be a 
suitable protocol for estrogenicity and genotoxicity detection in different contaminated waters as 
part of water environmental monitoring programs.  
 
Keywords: Endocrine disruption. Alkali-labile phosphate. Estrogen hormones. Oreochromis 
niloticus. Unicellular green microalgae. Additive effect. Less-than additive effect. Chronic toxicity. 
 
 



 

 

SVENSK SAMMANFATTNING 

 
 
SALOMÃO, A.L.S. Förekomst Och Ekotoxicitet Av Endokrinstörande Kemi kalier I 
Vattenmiljön Och Avloppsvattensystem . 2014. 99 p. Tese (Doutorado em Meio Ambiente) –
Universidade do Estado do Rio de Janeiro, Rio de Janeiro; Linnaeus University, Kalmar, 2014. 
 
 

Tillämpningen av en vald metod för indirekt mätning av vitellogenin (Vtg) i fiskplasma 
baserad på kvantifiering av alkali-labila fosfater (ALP-metoden) för att bedöma östrogenpåverkan i 
vatten undersöktes i denna studie. ALP-metoden användes i denna undersökning vilken i princip 
tar bort fria fosfater från fiskplasma, och som utvecklades ursprungligen med Carassius carassius 
(ruda). Denna avhandling beskriver det första försöket att använda denna metod med Oreochromis 
niloticus (niltilapia). I första delen av undersökningen genomfördes laboratoriestudier med vatten 
spikat med 17α - etinylestradiol (EE2), 17β - östradiol (E2) och östron (E1) i syfte att utvärdera 
metodkänsligheten. Effekterna av dessa östrogener undersöktes på grundval av både belastning 
och koncentration, med hjälp av experimentella enheter med två olika volymer (2 l och 130 l). Efter 
validering av metoden bedömdes östrogeniciteten av följande förorenade vatten: (i) tillflöde och 
utflöde i ett stort konventionellt kommunalt avloppsreningsverk (WWTP) och ett litet decentraliserat 
reningsverk (Engineered Ekosystem - DEE), (ii) ytvatten (SW) och grundvatten (GW) från en 
bensinförorenad träskmark, (iii) prover från en urban lagun (LRF) som ligger i en del av Rio de 
Janeiro med hög befolkningsdensitet och oidentifierad avloppstömning. Ytterligare ett mål med 
avhandlingen var att bedöma effekter (andra än endokrina störningar) som orsakas av EE2, E2 
och E1 på mikroalger. Analyser med enskilda och blandade östrogener och enskilda och 
kombinerade kulturer (S+) av gröna mikroalgen P. subcapitata och D. subspicatus genomfördes. 
Resultaten visade att EE2 och E2 var mer östrogena och giftiga än E1 för fiskarna och på 
mikroalgerna. Blandade lösningar av östrogener (E+) i lika proportioner (EE2:E2:E1) resulterade i 
additiv effekt på O. niloticus och P. subcapitata och mindre än additiv effekt på D. subspicatus och 
S+ mätt som ALP (för fisk) och EC50 (för mikroalger). Kombinerad odling av de båda algarterna och 
längre exponeringstid (96 h) resulterade i minskning av de toxiska effekter som orsakas av enstaka 
(EE2, E2 eller E1) och blandade (E+) östrogen enligt EC50 (T0h 0.07, 0.09, 0.18, and 0.06 µg mL-1; 
and T96h 1.29, 1.87, 5.58, and 4.61 µg mL-1, respektive). Det decentraliserade konstgjorda 
ekosystemet var effektivare än det konventionella reningsverket med avseende på borttagning av 
östrogenet från utgående avloppsvatten. Östrogen upptäcktes i vissa prover från den urbana 
lagunen (LRF), ytvattnet (SW) och i grundvattnet (GW) i den bensinförorenade träskmarken. 
Undersökningarna tydde därför på att interaktioner (additiva och mindre än additiva effekter) äger 
rum när olika östrogener är närvarande i vattenmiljön och interaktioner sker också i olika algarter, 
vilket påverkar den slutliga toxiciteten. Studien betonade dessutom vikten av att ta hänsyn till inte 
bara koncentration och dosen utan också massbelastningen och därmed volymen som används i 
experimentella enheter, vilket sällan tas upp i ekotoxicitetsanalyser. Med tanke på känsligheten på 
O. niloticus när denna utsätts för relativt låga halter av östrogen, kan kombinationen av ALP-
metoden med hjälp biomarkörer (särskilt micronucleus-MN) vara ett lämpligt protokoll för 
upptäckten av östrogenicitet och genotoxicitet i olika förorenade vatten som en del av övervakning 
av vattenmiljön. 
 
Nyckelord: Endokrina störningar. Alkali-labila fosfater. Östrogenhormoner. Oreochromis niloticus. 
Encelliga gröna mikroalger. Additiv effekt. Mindre än additiv effekt. Kronisk förgiftning. 
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INTRODUCTION 

 

During recent years, the concern about the potential adverse effects caused by 

endocrine disruptors chemicals (EDC) and the consequent interference in the endocrine 

system of many species have been raised. The man-made chemicals (xenobiotics) have 

become a part of our every day life. Human daily exposure to natural and man-made EDC 

occurs via ingestion of food and water, inhalation of gases and particles in the air and also 

through skin. On top of the list the natural and synthetic estrogens and other hormones are 

placed as EDC. However, a wide range of substances are thought to cause endocrine 

disruption, including polychlorinated biphenyls, plasticizers such as bisphenol A, 

polychlorinated biphenyls, DDT, dioxin among many others. EDC are found in many 

products including pharmaceuticals and personal care products (PPCP), food, toys, plastic 

bottles, metal food cans, detergents, flame-retardants and pesticides.  

 Some of these chemical pollutants can affect the endocrine system and also 

interfere with the development processes of humans and wildlife species. Once in the 

environment, persistent EDC can be dispersed and carried by water and air to remote 

locations. These chemicals are also subjected to biological and environmental 

transformations that may form other EDC. The EDC can also be biomagnified through food 

webs to high levels reaching humans and other top predators.  

Humans, domestic and wild species are continually and simultaneously exposed to 

a mixture of EDC. However, the efforts have been made mostly towards the establishment 

of links between single EDC and diseases. Risks associated to the exposure of humans 

and other species to mixtures of different EDC have been underestimated as much as 

interactions among contaminants and related effects. The current truly challenges are (1st) 

to find out how to avoid that an increasing number of new man-made EDC reaches the 

aquatic environment and, (2nd) once in the environment, to promote better understanding 

of the interactions and the severity of multiple effects caused on exposed organisms, as a 

tool to support future decisions regarding priority of investments and promotion of changes 

in the consumption patterns.  

The present investigation is a contribution to the achievement of the second above-

mentioned challenge. However, hundreds EDCs exist in nature. To detect their presence 

and to quantify them in the environment is an unattainable endless task due to technical, 
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economic and time constraints. A feasible and fast strategy to detect their presence in 

different compartments particularly in the water matrix (e.g. surface water, groundwater, 

sewage) is to use the very same effect they cause (endocrine disruption) as a biomarker 

and select a suitable bioindicator to do that. Many biomarkers in natural and genetically 

modified organisms have been used in the past years. Aquatic organisms are certainly 

among the most suitable ones to test the quality of water environments. 

In the current thesis, the effects of single and combined natural and synthetic 

estrogens (so called truly EDC) were tested in spiked waters regarding their effects on Nile 

tilapia male fishes (species with a complex endocrine system) and green microalgae 

(species with no endocrine system susceptible to toxic effects caused by these hormones). 

Additionally, water environmental samples suspected of having EDC were tested 

regarding their effects on male fishes. The author also presents his own reflections and 

recommendations for upgrading experimental setups in the future considering not only the 

contaminant concentration but also load, volume of experimental unit and population 

density.  
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1. ENDOCRINE DISRUPTORS CHEMICALS  

 

 

New man-made chemicals (xenobiotics) are continuously released as part of the 

industrial and economic development. These products include, medicines, disinfectants, 

contrast media, pharmaceuticals and personal care products, dyes and paints, laundry 

detergents, surfactants, pesticides, food preservatives and other additives, to name few 

(Fatta-Kassinos et al., 2010). Consequently, these xenobiotics are found in low 

concentrations (micropollutants) in the environment especially in aquatic ecosystems, 

water supplies, and wastewater treatment plants (WWTP).  

Several emerging micropollutants have not been fully examined yet for their 

negative environmental effects. Compared with their parent compounds, even less is 

known about chemicals produced due to transformation in the environment. Many of these 

contaminants have been proved to act as endocrine disrupting chemicals (EDC) or 

endocrine modulators that disrupt the endocrine system of organisms, with the ability to 

work as agonists or antagonists to endogenous hormones (Hallgren et al., 2009; Matozzo 

and Marin, 2005; Matozzo et al., 2008; Soto et al., 1995).  

Hormones are responsible for the regulation of the homeostasis, development 

processes, maintenance, reproduction and behavior of an organism (Harries et al., 1997; 

Kime et al., 1999; Kumar and Mohan, 2011; Matozzo et al., 2008; Pinto et al., 2008; Ra et 

al., 2011; Soto et al., 1995; Vogel, 2005). 

The heterogeneous group of natural or synthetic (xenobiotic) EDC can modify levels 

and functions of hormone receptors, induce or inhibit signaling pathways, and mimic 

steroid hormones (estrogens and androgens) (Davis et al., 2009; Harries et al., 1997; Soto 

et al., 1995; Souza et al., 2013). These EDC act in different ways such as: binding to 

hormone receptors and interfering in the synthesis, secretion, storage, release or blocking, 

transport, metabolism, and action of the hormones in the blood (Kime et al., 1999; Kumar 

and Mohan, 2011; Matozzo et al., 2008). EDC can also promote adverse health effects on 

certain organisms and their descendants, such as infertility, sexual underdevelopment (by 

changing or inhibiting sexual behavior), attention deficit or hyperactivity, alteration of 

thyroid or adrenal cortical function, and are suspected to increase incidence of cancer and 
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birth defects (Cooper and Kavlock 1997; Damstra et al. 2002; Kavlock et al. 1996; Mander 

and Mitsch 2009).   

EDC are detected mostly by analytical methods or biological responses. The most 

widely used technique to quantify EDC in environmental matrices is gas or liquid 

chromatography and mass spectrometry after sample preparation (Hallgren, 2009; 

Lindqvist et al., 2005; Petrovic et al., 2002; Ra et al., 2011; Stumpf et al., 1999; Ternes et 

al., 1999; Zorita et al., 2008). The biological responses are mostly measured by bioassays 

including: non-cellular, cellular, and whole-organism assays (Hallgren, 2009; Sumpter and 

Jobling, 1995; Yadav and Trivedi, 2009). Bioassays can also measure the combination of 

effects of the total estrogenic load equivalent, including effects caused by non-targeted 

compounds found in complex wastewaters, which have not been identified or quantified 

chemically (Clubbs and Brooks, 2007; Dietrich et al., 2010; Hallgren, 2009). Bioassays 

have several advantages over chemical analytical methods since they also assess 

additive, synergistic or antagonistic effects in a complex mixture of substances in 

environmental matrices (Hallgren, 2009; Silva et al., 2009). 

The ecotoxicity assay is one example of bioassay that is widely applied in aquatic 

environmental monitoring and aquatic environmental risk assessment. Over the years, 

aquatic ecotoxicology became more than application of assays to assess the effects of 

specific substances on specific species. These assays are currently seen as 

multidisciplinary tools suitable to assess the effects of isolated or mixed substances not 

only in water but in complex aquatic environments, including different levels of the trophic 

chain, populations, communities and even the whole ecosystem (Angel et al., 2010; 

Ashauer et al., 2006; Costa et al., 2010; Per Hallgren et al., 2012). Therefore, the impact 

of disposed effluents in nature should be tested in different species of organisms, since 

each one may have a different sensibility (Silva et al., 2009).  

One example of bioassay that is well-known and widely used to identify the 

presence of EDCs in aquatic environments is the detection of abnormal levels of 

vitellogenin (Vtg) in males and juvenile (immature) fishes (Davis et al., 2009; Hallgren et 

al., 2009; Kime et al., 1999; Larsson et al., 1999; Matozzo et al., 2008; Solé et al., 2001; 

Sumpter and Jobling, 1995; Verslycke et al., 2002). The indirect quantification of Vtg via 

the determination of alkali-labile phosphate (ALP) is widely used, and is an inexpensive 
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and rapid alternative, particularly useful for large-scale environmental monitoring programs 

using different species, in particular fish (Hallgren et al., 2009).  

 

 

1.1. Overview of the thesis  

 

 

The present thesis received financial support from four different sources as 

following:  

 

(1) The construction, operation and monitoring of a decentralized Engineered 

Ecosystem (DEE) for decentralized treatment of sewage of small generators. The project 

originally funded in Rio de Janeiro by FAPERJ (E-26/110.446/2007) had as the final 

product an unconventional treatment plant, as described in Paper I. The inlet and outlet of 

this plant was included in the investigation of estrogenicity described in Paper III ;  

 

(2) The Swedish Foundation for International Cooperation in Research (STINT) 

financed through the exchange program between Linnaeus University (former University of 

Kalmar) and UERJ the training of the author in techniques and protocols for indirect 

measurement of vitellogenin in fish (at Kristianstad University, Sweden) later on 

implemented at UERJ, Brazil to develop research with Nile Tilapia (Papers II and III) and 

ecotoxicity assays using microalgae (at Linnaeus University, Sweden), later on 

implemented at UERJ, Brazil with the experiments that resulted in Paper IV  and also 

applied at Linnaeus University, Sweden to develop experiments with industrial wastewater 

(Paper V ). Both techniques were important for the monitoring studies conducted 

subsequently;  

 

(3) The occurrence and the toxicity of endocrine disruptors in water bodies and 

sewage treatment systems in the State of Rio de Janeiro was the subject of the PhD 

project that gave the PhD scholarship (CNPq 556660/2009-9) enabling the implementation 

and application of the ALP method in laboratory assays with estrogenic hormones, as well 
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as in the monitoring of different areas for estrogenicity, as described in Papers II, III and 

IV;  

 

(4) The Science without Boarders Program, from the National Board for Scientific 

and Technological Developmen-CNPq, Brazil gave the PhD scholarship (CNPq SWE/CSF 

246145/2012-9), enabling the author to spend his fourth year of the PhD program at 

Linnaeus University, Sweden. Through the knowledge gained during the first three years 

and courses taken at LNU, a critical review highlighting relevant issues when planning an 

ecotoxicty assay was produced (Paper VI ). 

 

The laboratory work and data acquisition for Papers I-IV , were carried out at the 

Laboratory of Bioremediation and Phytotechnologies-LABIFI run by the BioProcess 

research group at Rio de Janeiro State University (UERJ), Brazil (period March 2010-

February 2013). The laboratory assays and data acquisition for Paper V  and the writing of 

Papers II-VI  were carried out at the Laboratory run by the Environmental Science and 

Engineering Group (ESEG) Linnaeus University (LNU), Sweden (March 2013-May 2014). 

 

In the present thesis, the investigation focused on three main areas related to the 

contamination of industrial and domestic wastewater treatment systems (inlet and outlet) 

and aquatic ecosystems, as follow: 

(1) Decentralized wastewater treatment units associated to eco-technological 

approach (vegetated tanks) to remove organic load, nutrients and EDCs (estrogenicity) 

from domestic wastewater;  

(2) Ecotoxicity assays with spiked waters with single and combined natural and 

synthetic estrogens to assess the effects on cultures of single and combined microalgae 

species (P. subcapitata and D. subspicatus) and one fish species (O. niloticus);  

(3) Application of ecotoxicity assays with focus on four endpoints (endocrine 

disruption, gonadosomatic index-GSI, hepatosomatic index-HSI and genotoxicity as a 

micronucleus frequency) using O. niloticus as bioindicator on various contaminated water 

environments; 
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(4)  Application of one ecotoxicity assay with focus on the endpoint growth 

inhibition to assess toxicity of effluent of wooden floor industry using one unicellular 

microalgae P. subcapitata as the bioindicator. 

 

Based on lessons learned with the above-mentioned investigations and a literature 

survey, a critical review was produced, with focus on five relevant aspects that affect the 

results obtained with existing ecotoxicity assays. The five aspects addressed were: 

contaminant characteristics and its gateway and pathway; selected species (bioindicator) 

and biomarker; dose regime/dose mode; concentration vs. load; single vs. multiple 

exposure.  

 

 

1.2. Aim and scope 

 

 

The overall aim of the present thesis was to increase the knowledge about relevant 

issues regarding the evaluation of aquatic environmental contamination and monitoring 

programs, mostly related to chronic effects. To do that, the thesis focused on the capacity 

of wastewater treatment systems to remove organic load, nutrients and estrogenicity from 

wastewater; and also on the ecotoxicity assays to evaluate the estrogenicity of single and 

combined female hormones (natural and synthetic), as well as, to be used as a powerful 

tool in aquatic environmental monitoring. 

 

Figure 1.1 shows the flow diagram of the present thesis. Paper I  describe the 

processes that occur in a small and decentralized system (decentralized engineered 

ecosystem) designed to treat the domestic wastewater based on 11 months of monitoring 

and the contaminants removal efficiency. Paper II, III, IV and V  assessed the endocrine 

disruption, gonads as well as liver alterations and genotoxic effects caused by single and 

combined synthetic and natural estrogens on fishes (Paper II ) and the same effects 

caused by contaminated environmental samples with unknown contaminants and gasoline 

contaminated samples (Paper III ). The toxic effects caused by single and combined 

synthetic and natural estrogens on two species of green microalgae are described in 
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Paper IV . A critical review with discussions about the main factors (including neglected 

ones) to be taken into account when establishing the experimental setup for an ecotoxicity 

assay based on the literature and the lessons learned with the experiments included in the 

present thesis are found Paper VI .   

 

 
Fig. 1.1: Schematic representation of this thesis. Paper I – Decentralized engineered ecosystem; Paper II 

– represented by the blue line; Paper III – represented by green lines; Paper IV – represented 
by red line; Paper V – represented by orange lines; Paper VI – gray lines.     

 

Decentralized engineered ecosystem  

With the aim of assessing the treatment efficiency of an unconventional wastewater 

treatment system, the purpose of the investigation described in Paper I  was to design, 

construct and test an on-site (decentralized) wastewater treatment multistage system 

named decentralized engineered ecosystem (DEE) due to the presence of vegetated 

tanks as final polishing for nutrients removal, suitable for small generator, including 

individual families, remote small hostels and resorts. The DEE was designed considering 

ecological engineering or ecotechnology principles such as: sustainable option for sewage 

treatment in regions with no sewerage system neither centralized WWTP; relatively low 

energy demand; no addition of chemicals for the treatment; high capacity to remove 
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organic matter and nutrients via microbiological processes and phytoremediation; removal 

of endocrine disruption present in the inlet; efficient enough to meet the threshold limits of 

the Brazilian and EU environmental regulations. 

Estrogenicity detection by bioindicator in ecotoxicity assays 

Ecotoxicity caused by natural and synthetic estrogens was assessed with three 

aquatic species belonging to two different trophic levels: two species of unicellular green 

microalgae (autotrophic level) Pseudokirchneriella subcapitata and Desmodesmus 

subspicatus (Paper IV ), and one fish species, Oreochromis niloticus (heterotrophic level) 

(Paper II ). 

In the study presented in Paper II , the aim was to evaluate O. niloticus (Nile tilapia) 

as a potential bioindicator, measuring the alkali labile phosphate (ALP) levels in plasma of 

male fishes, as a biomarker that increases when vitellogenin increases after exposed of 

male fishes to estrogens or other EDC. The method applied was originally developed by 

Gagné and Blaise (2000) and then, improved by Hallgren et al. (2009) with Crucian Carp. 

In this study toxicity due to the presence of estrogens in water was assessed also by other 

biomarkers such as gonadosomatic index (GSI), hepatosomatic index (HSI) and frequency 

of micronucleus formation (MN) in erythrocytes. The experiment simulated intermittent 

discharges of single and combined estrogens in different concentrations in spiked water. 

An additional goal achieved was the reduction of the volume in experimental units (glass 

aquariums), which increased the feasibility of conducting more assays at the same time. A 

third goal was the comparison of the responses by the exposed fishes on the basis of both 

load and concentration, using experimental units with similar concentrations and different 

volumes (2 L and 130 L). 

In Paper IV , the aim was to evaluate the effects of different concentrations of (single 

and mixed) natural and synthetic estrogens on algal growth and coenobium formation after 

the exposure of single and combined cultures of Pseudokirchneriella subcapitata and 

Desmodesmus subspicatus. The exposure of both species in the same culture (S+) aimed 

to assess the interspecific interactions in terms of the response to the presence of single 

and mixed estrogens, as expected to occur in contaminated aquatic environments.  

Estrogenicity and toxicity detection in contaminated environmental samples  

In Paper III the protocol by Hallgren et al (2009) applied to Nile tilapia was used in a 

variety of contaminated environmental samples including inlet and outlet of the wastewater 
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treated by the DEE described in Paper I; inlet and outlet of wastewater treated by a large 

conventional WWTP; water from an urban lagoon with clandestine discharge of sewage; 

surface water and groundwater samples from a marshland contaminated by gasoline 

(aged contamination). The ALP values found in the plasma of fishes exposed to these 

environmental samples were compared to the water (negative) control and to the lowest 

concentration that caused effect (LOEC) of the synthetic estrogen (17α-ethinylestradiol) 

used as positive control. This investigation also included the toxicity evaluation using 

morphological biomarkers such as hepatosomatic index (HSI) and gonadosomatic index 

(GSI), and genotoxicity evaluation using as biomarker the micronucleus frequency (MN). 

The main objective of the Paper V  was to compare growth response and the 

toxicity’s magnitude of Pseudokirchneriella subcapitata exposed to the wastewater 

generated by cleaning and washing activities in a wooden floor industry before and after 

treatment by adsorption with activated carbon. The effect of pH, adjusting the pH of the 

industrial wastewater was also assessed by the algae growth response assay.  

Understanding the relevance of well-studied and neglected factors in ecotoxicity 

assays 

Paper VI  presents a critical review limited to some important factors or variables to 

be taken into account when deciding or designing a ecotoxicity assay, which were: (i) 

contaminant characteristics and its gateway and pathway; (ii) selection of the 

bioindicator(s) and biomarker; (iii) dose regime/mode; (iv) the way the amount of 

contaminant to which the specimens are exposed is calculated; (v) single vs. multiple 

exposure. The review included a discussion about the way they affect the responses by 

exposed organisms and how the variable time affect them. The selection of these 

variables at the expenses of others was due to the surprisingly few publications that 

discuss the effects of two of them (iv and v) on the results or even mention them in the 

methodology description. 
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2. WATER CONTAMINATION  

 

 

2.1. Wastewater treatment plants and EDC  

 

 

In general, the main sources of water contamination are untreated and treated 

domestic and industrial wastewater and stormwater runoff from agricultural areas, 

continuously discharged livestock wastes and accidental chemical spills (Bejarano and 

Farr, 2013; Matozzo et al., 2008; McCahon and Pascoe, 1990). Among these sources, 

effluents from urban wastewater treatment plants (WWTP) have been considered as the 

main pathway for xenobiotics that enter the aquatic ecosystems (Ternes et al., 1999; 

Zorita et al., 2008).  

According to Heberer (2002), municipal sewage can contain more than 80 

compounds (in concentrations up to the level of µg/L), including estrogens and 

xenoestrogens among other endocrine disruptors. EDCs remain in the effluent because of 

the incomplete removal or conjugated forms of excreted (by urine and feces) natural 

human estrogens, pharmaceuticals, and estrogenic pharmaceuticals(Carballo et al., 2005; 

Desbrow et al., 1998; Matozzo et al., 2008; Solé et al., 2001; Ternes et al., 1999). 

Therefore, there is an increasing concern about the effects these compounds might have 

on humans and the environment. Pojana et al. (2004) have shown that the natural 

estrogen 17β-estradiol (E2) and the synthetic one 17α-ethinylestradiol (EE2) contributed to 

more than 97% of the total potential estrogenicity found in water bodies contaminated with 

sewage. 

The low efficiency of WWTP regarding the removal of EDCs is basically due to 

physicochemical proprieties of these compounds (Carballo et al., 2005; Desbrow et al., 

1998; Heberer, 2002; Matozzo et al., 2008; Solé et al., 2001; Song et al., 2009; Stumpf et 

al., 1999; Ternes et al., 1999; Ying et al., 2002). At the outflow of WWTPs with secondary 

treatment, the average concentration of estrogens ranges between 0.39–101 ng/L for 

estrone (E1); 0.2–64 ng/L for E2; and 0.59–42 ng/L for EE2 (Desbrow et al., 1998; Nakada 

et al., 2006; Servos et al., 2005; Song et al., 2009; Ying et al., 2002).  
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The presence of these estrogenic substances in WWTP outlets and their continuous 

release into aquatic environments have been associated with several biological responses 

by aquatic species (Dordio et al., 2010; Fent et al., 2006; Harries et al., 1999; Heberer, 

2002; Purdom et al., 1994; Servos et al., 2005). The synthesis of vitellogenin increases 

and intersex is developed in exposed male fishes (Carballo et al., 2005; Harries et al., 

1999; Servos et al., 2005; Solé et al., 2001). 

Some advanced wastewater treatment technologies such as ozonation, 

photocatalysis, sorption by activated carbon, membrane filtration and membrane 

bioreactors can reduce the discharge of estrogens by WWTP. However, these 

technologies are expensive, require sophisticated operation and maintenance besides 

high costs and usually are not applied to treat municipal wastewater (Dordio et al., 2010; 

Gray and Sedlak, 2005; Song et al., 2009). 

Constructed wetlands (CWs) have been considered in the literature as a promising 

polishing step to treat effluents from conventional wastewater treatment plants. CWs have 

shown some capacity to remove estrogens and some EDC (Dordio et al., 2010, 2009; 

Gray and Sedlak, 2005; Song et al., 2009) in a sustainable and low-cost manner (Song et 

al., 2009). 

The removal efficiency of CWs has been attributed to the presence of algae and 

aquatic macrophytes in a continuous flow that accelerate and increase the efficiency for 

removal of E1, E2, and EE2, even when they are present in concentrations as low as ng/L 

(ppt) level (Gray and Sedlak, 2005; Shi et al., 2010). This would happen (according to the 

literature) initially through the quick sorption on algae and macrophyte roots (hydrophobic 

surfaces), followed by biodegradation and biotransformation carried out by 

microorganisms present in the wastewater and/or plant uptake (Song et al., 2009). 

Macrophyte roots play an important role in plant–water–microorganism interactions 

in many ways (Brix, 1994). They provide microbial attachment sites (symbiosis), increase 

oxygen concentrations in the rhizosphere, and release exudates, such as carbohydrates 

and amino acids, that serve as nutrient sources for the growth and long-term survival of 

microorganisms. Nitrifying microorganisms, in particular, are capable of degrading organic 

pollutants (hydroxylation), which results in more hydrophilic compounds and provides a 

surface area for pollutant sorption, enabling further uptake and assimilation in plant tissues 
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(Alkorta and Garbisu, 2001; Karjalainen et al., 2001; Servos et al., 2005; Song et al., 

2009). 

The biodegradation of estrogens is likely to be more effective under aerobic than 

under anoxic or anaerobic conditions in a constructed wetland (Dordio et al., 2010; Song 

et al., 2009). The uptake rates of several hormones, herbicides, pharmaceuticals, and 

other EDCs by the root and rhizome of Phragmites australis were correlated with log Kow 

values, in a range from 1-3 (Schröder et al., 2008). According to these observations, and 

considering the log Kow values of E1 (3.4), E2 (3.1), and EE2 (3.9) (Feng et al., 2005) 

higher root densities would increase and allow a close contact with root surfaces and 

associated biological films facilitating biodegradation and possibly the uptake of estrogens 

by plants (Song et al., 2009). 

 

 

2.2. Estrogenicity detection using fishes  

 

 

The molecular structure of estradiol and the estrogen receptors are very similar in 

fish and mammals, which may explain the mimic action of the human natural hormone on 

fishes (Pakdel et al., 1990; Solé et al., 2001). The fish liver, particularly in females, 

contains high concentrations of estrogen receptors (Campbell et al., 1994) and the liver 

synthesizes large amounts of a heavily phosphorylated lipophosphoprotein named 

vitellogenin (Vtg) when stimulated by estrogen (Sumpter and Jobling, 1995). In this way, 

estrogens can interfere with the hypothalamic–pituitary–gonadal axis, disturbing the 

vitellogenesis in fish and changing the production of Vtg by liver cells, increasing blood 

levels of Vtg in females and also in males (Hallgren et al., 2009; Kime, 1998). This axis in 

fish shows close similarities to the mammalian homologue and has the important function 

of controlling reproduction, development and aging (Kime, 1998). 

The Vtg synthesis is hormonally controlled by ovarian estradiol of female oviparous 

(and viviparous teleost) vertebrates and transported by the blood to the ovary. Once in the 

ovary, Vtg is taken up as vesicles and split into the yolk components that are stored in 

egg-yolk platelets inside the developing oocytes, which provide energy reserves for 

embryonic development (Hallgren, 2009). During the blood transport these components 
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(glyco-lipo-phospho-proteins) are embedded in a macromolecule called vitellogenin (Vtg) 

(Davis et al., 2009; Hallgren et al., 2009; Kime et al., 1999; Matozzo and Marin, 2005; 

Matozzo et al., 2008; Purdom et al., 1994; Rodas-Ortíz et al., 2008; Solé et al., 2001; 

Sumpter et al., 1996; Sumpter and Jobling, 1995). In maturing female fishes, Vtg is 

normally found at high levels in the plasma and it is required to promote the ovary growth 

that might contain thousands of yolky oocytes representing up to 25% of the female body 

weight (Davis et al., 2009; Sumpter and Jobling, 1995). 

In males or juveniles (immature) fishes, the gene responsible for Vtg synthesis, 

although present, is not expressed under normal conditions (Kime et al., 1999; Matozzo et 

al., 2008; Solé et al., 2000; Sumpter et al., 1996). Vtg in males and juveniles (immature) 

fishes is a well-known protein biomarker for the presence of natural and synthetic 

estrogens as well as other EDC in aquatic environments. Vtg has been the focus of many 

previous investigations (Davis et al., 2009; Hallgren et al., 2009; Kime et al., 1999; Larsson 

et al., 1999; Matozzo and Marin, 2005; Matozzo et al., 2008; Rodas-Ortíz et al., 2008; Solé 

et al., 2001; Solé et al., 2000; Sumpter and Jobling, 1995; Verslycke et al., 2002).  

The measurement of alkali-labile protein-bound phosphates or alkali-labile 

phosphates (ALP), found in high quantities in Vtg, has been recently developed as a 

method for indirect quantification of Vtg in fish, crustaceans, and bivalve mollusks (Blaise 

et al., 2002; Gagné et al., 2004; Gagné et al., 2005; Hallgren et al., 2012; Mandiki et al., 

2005; Versonnen et al., 2004). This method is possible because the presence of ALP in 

fish plasma is specifically associated with Vtg (Verslycke et al., 2002). Indirect 

quantification of Vtg through ALP is considered an inexpensive and rapid alternative and 

also allows for large-scale environmental monitoring using different species, in particular 

fish (Hallgren et al., 2009). According to Verslycke et al. (2002) and Hallgren et al. (2009), 

from high to very high (0.73–0.99) correlation coefficients have been found between ALP 

and Vtg levels.  

The original method by Gagné and Blaise (2000) based on ALP quantification for 

indirect measurement of Vtg in clams and mussels was modified by Hallgren et al. (2009) 

for ALP quantification in Crucian carp (C. carassius). The main improvement made by 

Halgren et al. (2009) was the removal of non-vitellogenin sources of phosphates such as 

phospholipids found in blood plasma and consequently, the reduction of yellowish color. 

The modified ALP method reduced the ALP detection limit down to 3.2 µg PO4
3– per mL 
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plasma, which according to those authors (Hallgren et al., 2009) was six times lower than 

the original detection limit. 

In addition to the evaluation of Vtg levels via ALP quantification the use of several 

strategies involving different biomarker to evaluate the induction of physiologic 

modifications of ecological relevance has become a common procedure (Hassanin et al., 

2002; Bolognesi and Hayashi, 2011; Hallgren, 2009). The gonadosomatic (GSI) and 

hepatosomatic (HSI) indices are good examples of this combined approach, because both 

gonads and liver are intimately related to the reproduction process (Kime et al., 1999; 

Verslycke et al., 2002) and can help to interpret the results obtained with ALP. 

The main detoxifying organ in all vertebrate is the liver, which is responsible for 

metabolizing, contributing to the excretion of toxic substances (Authman, 2011; Kime, 

1998). The liver is also the site for deactivation of the gonads steroids and the target tissue 

(since it has estrogen receptors that specifically induce the synthesis of Vtg) (Kime, 1998). 

The fish liver is particularly rich in lipids, which facilitate the bioaccumulation of many 

organic pollutants (Kime, 1998) and therewith increases the risk of disrupting the activities 

of detoxifying enzymes and morphological damage to the liver (Kime, 1998). These 

enzymes are responsible for the oxidation, hydroxylation, deoxylation and methylation of 

toxic substances, prior to the final conjugation with glucuronic acid or sulphate (Ying et al., 

2002). Because some of these enzymes play a major role in the deactivation of steroid 

hormones, when they are preferably used to metabolize a pollutant, it can result in slower 

deactivation of the bloodstream hormones resulting in a higher plasma concentration 

(Kime, 1998).  According to Pereira et al. (1992; 1993) one of the morphological damages 

in the liver tissue is the formation of liver lesions or liver necrosis, and in the first case, 

there is an increase of hepatocytes. However, persisting the state of contamination or in 

cases of acute toxicity, the regeneration capacity of hepatocytes is lost followed by the 

substitution for the neoplastic or vacuolated cells, in a fibrosis process, resulting in the 

increase of volume or weight raising the HSI (Pereira et al., 1992; 1993). Therefore, it is 

important to evaluate the liver conditions in fishes exposed to contaminated waters.  

Another effect caused by the contaminants is the alteration or impairing of Vtg 

production by the liver. This is likely to be also due to disturbances in the hypothalamic-

pituitary-gonadal axis and the variation on the gonadotropin production altering the blood 

levels (Pereira et al., 1992 and 1993; Heiden et al., 2006; Laizer et al., 1996; Hwang et al., 
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2000). This alteration will also affect the estrogen production by the gonads, which in turn, 

will affect the Vtg production by the liver (Heiden et al., 2006, Laizer et al., 1996, Pereira et 

al. 1992 and 1993). A secondary consequence would be the disturbance in the gonads 

development (and also the GSI), which may threat the development of the upcoming 

offspring. 

Micronucleus formation is among the most applicable indicators used to identify 

genomic alterations (Bolognesi and Hayashi, 2011; Sponchiado et al., 2010). According to 

Bonassi et al. (2007) the micronucleus is the result of failure to repair lesions in DNA 

during cell division and chromosomal breakage (great damage). Another possibility is that 

chromosomes do not segregate properly during mitosis forming micronucleus (Bonassi et 

al., 2007).  

According to Çavaş and Ergene-Gözükara (2005) and Özkan et al. (2011), fish are 

often used as sentinel organisms since they play an important role in the trophic web, and 

therefore, there is a high chance for accumulation of toxic substances through the trophic 

levels and the appearance of responses to even low concentrations of mutagens in the 

water. 

Nile tilapia (Oreochromis niloticus) is the most cultivated cichlid in the world (De 

Silva et al., 2004). O. niloticus is obtained easily and has high adaptability to many 

different climate zones (e.g., tropical and subtropical regions). Several physiological 

characteristics of Nile tilapia (Bücker and Conceição, 2012; Davis et al., 2009) such as 

euryhaline characteristics, fast growth, and high tolerance to a large range of temperatures 

(8-42°C) and stressing factors make this species an excellent candidate for ecotoxicity 

tests, particularly when a large number of water samples are required (e.g., environmental 

monitoring programs). With the propose of monitoring or screening estrogenicity in water 

bodies, males of Nile tilapia have also an extra advantage that is the ALP baseline level in 

plasma of non-exposed Oreochromis niloticus (Nile tilapia) males which was proved in the 

present thesis to be low, as measured using the method improved by Hallgren et al. 

(2009). The ALP value in males (4.11 µg PO4
3-/mL plasma, IQ25 = 3.38; IQ75 = 5.18) was 

lower than those of the other species (males) described in the literature. These results are 

presented in Papers II  and III and will be discussed further in the present thesis.  
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2.3. Toxicity assays with green microalgae  

 

 

In order to protect the water environment, numerous approaches have been applied 

for the development of cheaper and more effective methods, to reduce the amount of 

wastewater produced or, at least, to improve the quality of the treated effluent 

(Laohaprapanon et al., 2014, 2013). According to Lai et al. (2002) and Sijm et al. (1998), 

algae play an important role in the fate of organic compounds in the aquatic ecosystem 

and also, the attenuation of the estrogens effects may be related to degradation or uptake 

by algae in the water bodies, thereby acting as a vehicle for bioconcentration and 

subsequent biomagnification in higher trophic levels. Unicellular green algae have been 

part of wastewater treatment systems  (Paper I ), and increasing attention has recently 

been paid to the algae growth in wastewater as a sustainable way to produce biodiesel 

(Gressler et al. 2013; Park et al. 2011). 

Unicellular green algae have been widely used in environmental studies and 

screening to detect toxicity in water and the species frequently used are Desmodesmus 

subspicatus and Pseudokirchneriella subcapitata among others (Cleuvers, 2004; Djomo et 

al., 2004; Kaczala et al., 2011; Lürling, 1998; Pavlić et al., 2005). There are many 

compelling reasons to use unicellular green algae as toxicity bioindicators in environmental 

monitoring programs. Among them, it is worth to mention that: (i) they are primary 

producers (transferring energy to the higher trophic levels) and therefore, changes in this 

primary trophic level can affect all higher levels of the food chain (high ecological 

relevance); (ii) they are frequently found in freshwaters, occupying an extensive range of 

habitats and withstand domestic sewage pollution; (iii) short lifecycles allow investigations 

about the toxic effects throughout several generations; (iv) they produce sensitive and 

quick response to environmental changes, showing adverse effects, and thereby allowing 

corrective regulatory and management actions to be taken before other undesirable 

impacts occur; (v) their cultivation is cost-effective, easy to implement and maintain in 

laboratories and they are widely used with well-established standard methods; (vi) they are 

part of mandatory sets of tests for notification of chemicals in the European Union states 

(Djomo et al., 2004; Kaczala et al., 2011; Lai et al., 2002; Pavlić et al., 2005; Silva et al., 

2009; Trainor et al., 1976).  
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Algae are highly variable in their sensitivity to different groups of pharmaceuticals, 

surfactants and steroids estrogens (Cleuvers, 2004, 2003; Fent et al., 2006; Lai et al., 

2002; Pavlić et al., 2005). According to Djomo et al. (2004), the toxicity of substances or 

compounds can be associated to intrinsic physicochemical properties of these 

compounds, such as the octanol-water portioning coefficient (log Kow), volatility and 

aqueous solubility. This observation is in accordance with Cleuvers (2004) that established 

a correlation between the toxicity of substances with their log Kow values as a baseline and 

reported that substances with higher log Kow are expected to pose higher toxicity. Based 

on the EE2, E2 and E1 log Kow values (3.9, 3.1 and 3.4, respectively) and their uptake by 

the algae, Lai et al. (2002) suggested that the bioconcentration of estrogens in the algae is 

due to an active binding mechanism such as binding to receptors or enzymes for 

biotransformation. Lai et al. (2002) also suggested that EE2 is more adsorbed by algae 

than the other estrogens. Therefore, it is highly relevant the investigation of the effects of 

contaminants found in aquatic environments and in wastewater (municipal and industrial) 

on the algal growth, which can be measured via in vivo chlorophyll fluorescence, as well 

as the morphological changes or phenotypic plasticity inducers.   

The effects of some contaminants on the unicellular microalgae morphology are the 

expression of the phenotypic plasticity in response to contamination stress. This stress 

response (morphological changes or changes in growth and reproduction) in unicellular 

microalgae (e.g.: D. subspicatus) is well describe in the literature and can also be caused 

by environmental cues or anthropogenic disturbed ecosystems (Hessen and Donk, 1993; 

Lürling, 2006, 1998; Peña-Castro et al., 2004). According to Lürling (1998) more than 80% 

of the natural population (non-exposed) of Scenedesmus acutus is primarily unicellular. 

However, when exposed to certain contaminants, especially in the exponential growth 

phase, a rapidly formation of two-, four- and eight-celled coenobia is observed. 

Nevertheless, when the exposure is ceased a subsequent recovery of unicellular 

abundance can be observed in few days (Lürling, 1998; Peña-Castro et al., 2004). This 

morphological changes or coenobia formation in some cases may exceed the size of 

grazable particles and can reduce the grazing pressure, selecting the predator size 

(Hessen and Donk, 1993). 

Another issue that should be taken into account is that in a real polluted water body, 

the algae and other aquatic species co-exist and are simultaneously exposed to several 
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contaminants. According to Drake (1991) small systems or cultures are very interesting 

way to explore competitive interactions and sequential effects among species (interspecific 

competition or interactions) when exposed or not to single or mixed contaminants, and can 

be key components of large systems. These features have not been explored enough by 

ecotoxicity assays. 
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3. METHODS 

 

 

3.1. Decentralized engineered ecosystem (Paper I) 

 

 

The system for sewage treatment was constructed in 2009, and still operating at the 

Center of Environmental Studies and Sustainable Development (CEADS), a research 

campus of the Rio de Janeiro State University (UERJ) in Ilha Grande, which means “big 

island” in Portuguese (23º18’ S, 44º19’ W), Angra dos Reis Municipality, Rio de Janeiro 

State, Brazil.  

The system was dimensioned to treat 1248 L/day and 0.36 kg of BOD/day, with an 

average flow of 52 L/h, for a population of 12 residents (working as a hostel). The 

treatment units were constructed with glass fiber and the dimensions and operation 

parameters are shown in Fig. 3.1 and Table 3.1. The primary and secondary treatments 

units had the upflow design in order to improve the mass transfer between microorganisms 

and the wastewater to be treated, which in turn improves the removal of dissolved 

anaerobically biodegradable organic matter and accentuates oxidative processes.  

 

 
Fig. 3.1: Graphical representation of the Decentralized Engineered Ecosystem. All 

units were constructed above ground level for didactic and demonstration 
purposes. FB: flow control box; GC: grease collector; ST: upflow septic 
tank; AF: aerated submersed filter; SD: secondary decanter; W1: surface 
flow; AT: algae tank; W2: vertical subsurface flow; W3: horizontal 
subsurface flow. (see Figure 1, Paper I). 
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The Decentralized Engineered Ecosystem comprises of preliminary, primary, 

secondary and tertiary treatment. The sequence of treatment units included: Grease 

collector (GC); Upflow septic tank (ST); Upflow submersed aerated filter (AF); Secondary 

decanter (nowadays was replaced by Upflow biofilter filled with expanded clay) (SD); 

Surface flow wetland vegetated with Eichhornia crassipes (floating macrophyte) (W1); 

Chicane algae tank (AT); Vertical subsurface flow wetland vegetated with Schoenoplectus 

sp. (Cyperaceae) (W2); and Horizontal subsurface flow wetland vegetated with Gramineae 

Panicum cf. racemosum (Poaceae) (W3) (nowadays a sand filter is also found at the end). 

The aquatic macrophytes species were chosen according to characteristics such as fast 

growth rate and the role to be played in the treatment system.  

 

The physical and chemical analyses were monitored from wastewater samples 

collected from the inlet and outlet of each tank every 15 days during 11 months. The 

biomass from the vegetated tanks was filtered and harvested (algae and macrophytes, 

respectively) every 15 days and dried in an oven for 48 h at 60 ºC or until a constant 

weight was reached. Fecal coliforms were analyzed according to the method 14053 Endo 

NPS (Sartorius Stedim) at three points: the inlet of the system; the outlet of the last 

wetland tank; and after the sand filter. 

 

Table 3.1  Dimensioning and operational parameters for the DEE treatment units. (Table 1, Paper I ) 

Unit  
Dimensioning 

parameters 
Operational Parameters 

Population 

served 

12 inhabitants or 16 

guests/day in a hosting 

house 

0.36 kg BOD/day; 1248 L/day; 52 L/h 

Equalizing 

tank  a 

1.2 m × 1.8 m × 1.6 m; 3.5 

m3 

– 

FBa 0.6 m × 0.4 m × 0.4 m; 0.1 

m3 

– 

GCa 0.6 m × 0.4 m × 0.23 m; 

0.05 m3 

HRT: 0 h 

STb 1.27 m; 1.15 m; 1.32 m3 HRT: 25.4 h 
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AFb 1.17 m; 1.25 m; 1.35 m3 SOL: 0.014 kg BOD/m2/day; CSA: 200 

m2/m3; AR: 53.25 m3/day/ kg of BOD; 

HRT: 23.1 h 

SDb 1.15 m; 1.15 m; 0.96 m3 SLR: 1.2 m3/m2/day; HRT: 18.5 h 

W1b 1.62 m; 0.33 m; 0.68 m3 

 

SLR: 0.6 m3/m2/day; MLR: 300 kg 

BOD/ha/day; 

HRT: 13.1 h 

ATb 1.62 m; 0.27 m; 0.55 m3 SLR: 0.6 m3/m2/day; MLR: 157.5 kg 

BOD/ha/day; HRT: 10.7 h 

W2b 1.62 m; 0.27 m; 0.55 m3 SLR: 0.6 m3/m2/day; Substrate depth: 

0.25 m;       BRA: 0.012 kg BOD/m2/day; 

HRT:  4.3 h 

W3b 1.62 m; 0.1 m; 0.21 m3 

 

SLR: 0.6 m3/m2/day; MLR: 99.3 kg 

BOD/ha/day; Substrate depth: 0.35 m; 

HRT: 2.4 h 

Note: aSquare tanks (width × length × depth); bcylindrical tanks (diameter; depth; volume); BOD: biochemical 
oxygen demand; HRT: hydraulic retention time; SOL: surface organic load; CSA: carrier surface area; 
AR: aeration rate; MLR: maximum load rate; SLR = surface loading rate; BRA: BOD rate applied. 

 

 

3.2. Bioindicators applied (Papers II, III, IV and V) 

 

 

Two levels of the food chain (primary producer and omnivorous), represented by 2 

species of algae and one fish, were chosen for screening of estrogenicity and toxic effects 

in laboratory assays with spiked water (natural and synthetic estrogen), untreated and 

treated wastewater (municipal, domestic and industrial), environmental samples from two 

contaminated areas (one urban lagoon with clandestine discharge of sewage and one 

marshland with aged contamination by gasoline).  

 

 

3.2.1. Nile tilapia (Papers II and III) 
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The Nile tilapia, Oreochromis niloticus (Perciformes, Cichlidae, with omnivorous 

feeding) was obtained at a fish farm in Brazil (Rio Doce Piscicultura), where the fishes 

received no hormone treatment during their cultivation. The fishes with standard length of 

4-7 cm were cultivated in the Laboratory of Bioremediation and Phytotechnologies-LABIFI 

at UERJ, Rio de Janeiro, in 4 glass aquariums of 500 L each (not exceeding 2 g of fish/L) 

(Fig. 3.2). The aquariums were filled with water produced by filtration (25–0.5 µm) followed 

by double carbon-filtration of tap water (to remove chloride) and a biofilter with forced 

oxygen supplier. The animals were kept under the following conditions: water temperature 

24 °C ± 2; pH 6.9 ± 0.2; dissolved oxygen (DO): 5.8 ± 0.3 mg/L; day/night periods: 14/10 h. 

One-fifth (20%) of the culture water was renewed manually once a week. Fishes were fed 

daily (approx. 3 percent of body biomass) with commercial trout pellets (Alcon Garden 

Basic Sticks, Camboriú, SC, Brazil) in amounts enough to guarantee that all food was 

eaten within 5 min. All the fish were fasted for 24 h before the experimental setup. 

 

  
Fig. 3.2: Oreochromis niloticus (Nile Tilapia) cultivation in 500 L aquarium with biofilter with forced oxygen 

supplier. 
 

 

3.2.2. Unicellular green microalgae (Papers IV and V) 

 

Two unicellular freshwater microalgae species Pseudokirchneriella subcapitata 

(Korshikov) F. Hindák (CCAP 278/4) (formerly Selenastrum capricornutum Printz) and 

Desmodesmus subspicatus (Chodat) E. Hegewald & A. Schmidt (SAG 86.81) (formerly 

Scenedesmus subspicatus Chodat) (Fig. 3.3) obtained at the Marine Department at 
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Linnaeus University, Sweden, were cultivated at LABIFI-UERJ in Rio de Janeiro, under 

static conditions in Jaworski’s medium (Thompson et al., 1988). To avoid losses, the stock 

cultures were kept in incubators at two different locations and in triplicates for each algae 

species, following recommendations (Prof. Edna Granelli, pers. com.). The cultures were 

kept under cool white light with light intensity of 6,000 lux, with the light/dark cycle of 16/08 

h, and temperature at 20 ± 2 °C (Kaczala et al., 2011). The stock was renewed monthly, 

and three generations were kept as a backup (Fig. 3.3).  

 

   
Fig. 3.3: Pseudokirchneriella subcapitata (left hand side), one of the two incubators with light and 

temperature control to algae cultivation (center), and Desmodesmus subspicatus (right hand 
side).  

 

 

3.3. Experimental setup with fishes 

 

The experimental setup of all investigations with fishes is divided in 2 parts (Paper II 

and III ). 

The first part (Paper II ) included the evaluation of O. niloticus as a potential 

bioindicator for ALP dosage by applying the method improved with Crucian carp by 

Hallgren et al.(2009) and others biomarkers such as: gonadosomatic index (GSI), 

hepatosomatic index (HSI) and frequency of micronucleus formation (MN) in erythrocytes. 

An additional goal established in this first part of the investigation was to assess estrogens 

load vs. concentration effects on the ALP levels of O. niloticus, using experimental units 

with two quite different volumes (2 L and 130 L) and different population densities.  

The second part (Paper III ) assessed the applicability of the modified method 

(Paper II ) for determination of ALP plasma levels together with the other above-mentioned 

biomarkers (GSI, HSI, MN frequency), in order to test how versatile, resistant and sensitive 



37 

 

 

 

(to be consider a sentinel species) males of O. niloticus can be to detect endocrine 

disruption and geonotixicty in a large number of real contaminated samples. 

In Paper II , two 15-day exposure experiments were conducted (Knudsen et al., 

2011; Verslycke et al., 2002). In Experiment 1, fishes were exposed to EE2 in a 130 L 

aquarium (Fig. 3.4). In Experiment 2, fishes were exposed to E1, E2 and EE2 individually 

and in combination (1:1:1) in 2 L aquariums (Fig. 3.4). The fishes were kept at constant 

temperature (24 ± 2 °C), pH (6.9 ± 0.2), DO (5.2 ± 0.9 mg/L) and photoperiod (14/10 h). 

Both experiments adopted the intermittent pulse (intermittent dose regime) and the water 

was renewed every 5th day (twice in 15 days) with new water containing the same initial 

concentration of estrogen. The length (7.4 ± 0.6 cm) and weight (14.2 ± 3.7 g) of the fishes 

exposed had no significant differences (p < 0.05). The correlation coefficient (r) between 

the length and weight of all fishes exposed was 0.97. Fishes were fed daily as described 

previously and fasted 12 h before blood sampling.  

The Experiment 1 (130 L glass aquariums of 55 × 55 × 43 cm), 12 specimens were 

exposed to each one of six concentrations of 17α-ethinylestradiol (0.016, 0.08, 0.4, 2.0, 

10.0 and 50.0 µg/L). A negative water control (no estrogen or solvent added) and a solvent 

control (only solvent added) were also examined. This experiment used 17α-

ethinylestradiol (EE2) because it is highly estrogenic potency active and causes 

physiological/biological effects. Additionally, there are homologies between EE2 receptors 

and enzymes in humans and fishes (Christen et al., 2010).    

Experiment 2 (performed in 2 L glass aquariums 13 x 19-cm diameter x height) had 

only one male O. niloticus specimen per aquarium. The individual exposure was 

performed in five replicates for each estrogen (E1, E2, and EE2) and for the mixture 

(1:1:1) in each tested concentration. Based on the results obtained with Experiment 1, a 

narrower range of concentrations was applied in Experiment 2 (0.012, 0.03, 0.12, 0.36 and 

0.60 µg/L) which was compared with the negative control (no estrogen added). Due to 

technical limitations, specifically in the mixture of the estrogens, the final concentration 

0.012 µg/L was substituted by 0.015 µg/L (0.005:0.005:0.005 µg/L of E1:E2:EE2). An 

additional objective achieved with Experiment 2 was to test small experimental units (2 L), 

which enable simultaneous analysis of many environmental samples in a monitoring 

program, for instance. 
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In order to detect the presence of endocrines disruptor chemicals (EDC) in 

environmental samples (Paper III ), three more experiments (Experiments 3, 4 and 5) were 

carried out in 2 L aquarium in five replicates (Fig. 3.4), with 15 days of exposure (Knudsen 

et al., 2011; Verslycke et al., 2002), constant aeration, no filtration, and with the same 

conditions of fish feeding, photoperiod and temperature as describe in Experiments 1 and 

2.  

In each experiment (3, 4, 5) described below, fishes were exposed to waters from 

different environmental sources (without dilution) with quite distinct characteristics from 

each other.  

In Experiment 3, fishes were exposed to inlet and outlet wastewater samples taken 

from: (i) a large WWTP with capacity to treat 400 L/s from a population of approximately 

110,000 inhabitants. This WWTP had a pretreatment step with grating, sand, and grease 

collector, followed by an up flow anaerobic sludge blanket (UASB), an activated sludge 

aerated tank, and a secondary decanter. The characteristics of the WWTP inlet and outlet 

water were respectively: pH 7.2 and 7.5; DO 0.0 and 2.5 mg/L; and COD 466 and 79 mg/L 

and; (ii) a compact DEE for decentralized domestic wastewater treatment as describe in 

the Paper I . The characteristics of the DEE inlet and outlet water were, respectively: pH 

6.9 and 7.2; DO 0.16 and 2.11 mg/L; and COD 554 and 76 mg/L. 

In Experiment 4, The Rodrigo de Freitas Lagoon, which is located in the southern 

zone of the city of Rio de Janeiro, has a surface area of about 2 km2 and is connected to 

the sea by one channel. Besides the lagoon surface area (which acts as an accumulation 

basin during heavy rainfalls) the drainage basin has 28 km² formed by the basins of three 

rivers that converge at one point in the lagoon. In the present study, three sampling points 

were selected: the point LRF1, located to the right side of the discharge point of the rivers 

(highest flow); point LRF2, located at the opposite side of the seawater inlet; and point 

LRF3, located on the opposite side of the river discharge point (1200 m away from it). The 

water characterization was: pH 8.1 ± 0.12; DO 5.5 ± 0.8 mg/L; salinity varying from 4 to 16 

‰ and water temperature 23 ± 0.5 °C.  

In Experiment 5, Fishes were exposed to surface water and groundwater collected 

from a marshland contaminated area about 2 years after an accident that caused leakage 

of approximately 28,600 m³ of gasoline. The investigation included marshland superficial 

water (SW) from 6 sampling points and groundwater (GW) from one well located 
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downstream the accident. The SW1-SW6 characteristics were: pH, 6.4 ± 0.7 (min 5.3 - 

max 7.6); water temperature during sampling 23 ± 0.5 °C; COD 601.0 ± 692.9 mg/L (min 

173 mg/L; max 1987 mg/L). The groundwater GW1 characteristics were: pH, 6.7; water 

temperature during sampling 21°C; COD 147 mg/L. 

In the experiments with environmental samples (Experiments 3, 4 and 5) above-

described, fish specimens were exposed to undiluted water and they had the following 

standard length and weight: 7.4 ± 0.4 cm and 13.4 ± 3.1 g for WWTP and DEE 

(Experiment 3); 7.7 ± 0.6 cm and 16.1 ± 4.0 g for LRF (Experiment 4); 8.1 ± 0.4 cm and 

19.5 ± 3.1 g for SW and GW (Experiment 5). The correlation coefficient (r) between the 

length and weight of all fishes was 0.97 ±0.01.  

The controls for the experiments were: negative control (clean water obtained in the 

laboratory) and positive control (water spiked with EE2 with the amount of estrogen 

corresponding to the LOEC value (mass/mass of fishes) as previously established with the 

Experiments 2. 

 

   
Fig. 3.4: Experiment with twelve specimens of O. niloticus in 130 L aquariums and individual 

exposure in 2 L aquariums. 
 

 

3.3.1. Blood sampling from fishes 

 

At the end of the exposure period in Experiment 1 to 5 (Paper II and III ) (15th day), 

blood samples (200–300 µl) were collected from the caudal vein (Fig. 3.5) using syringes 

(BD Ultra-Fine™ 50 U 12.7 mm × 0.33 mm needle) rinsed with heparin and transferred 

into ice-cooled vials. Plasma was collected after centrifugation (1000 × g, 10 min, 4 °C) in 
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cryogenic tubes and then snap frozen in liquid nitrogen and stored  -80 °C (Hallgren et al., 

2012; Hallgren et al., 2009) for further ALP level determination.  

 

  
Fig. 3.5: Blood collection from the caudal vein of O. niloticus with about 7 cm of standard length.   

 

 

3.3.2. Alkali-labile phosphate (ALP) levels in fishes plasma 

 

 

To indirectly evaluate the vitellogenin (Vtg) levels in fish plasma, the biochemical 

determination of Alkali-labile phosphate (ALP) concentrations were performed based on 

the protocol developed by Gagné and Blaise (2000), for clams and mussels and modified 

by Hallgren et al. (2009), for application to Crucian carp (Carassius carassius). According 

to Hallgren et al. (2009), the ALP method was modified and improved with special 

emphasis on the removal of non-Vtg sources of phosphate, such as phospholipids found in 

blood plasma and removal of the yellowish color. Through these improvements, the 

modified ALP method had a detection limit as low as 3.2 µg PO4
3– per mL plasma that was 

six times lower than other methods described in the literature. The levels of PO4
3- were 

determined in the samples (96 plates wells) using a colorimetric measurement by reading 

the absorbance at 630 nm using a SpectraMax M3 Multimode Reader (Molecular Devices 

Inc.) (Fig. 3.6).  
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Fig. 3.6: SpectraMax M3 Multimode Reader (Molecular Devices Inc.) used in a biochemical 

determinations of ALP concentrations in 96 plate wells by reading the absorbance at 630 
nm. The columns A and B of the 96 plate wells were filled with the standard curve (1 to 9) 
and blank samples (10 to 12). The columns C to H (1 to 12) was filled in duplicate (C-D; 
E-F; G-H) with samples. 

 

According to the modified protocol, 100 µl of plasma was added to 54 µl of acetone 

and mixed by vortex and centrifuged at 5000 g for 5 min to precipitate Vtg plasma proteins. 

The supernatant was discarded and the pellet was washed twice with Tris-buffer (0.05M) 

[Tris (hydroxymethyl) aminomethane Base] and ethanol to remove the free phosphate. For 

alkaline treatment, 100 µl of 1 M NaOH was added to the pellets and the solution was 

incubated for 90 min at 70 ºC to allow hydrolysis of protein bound phosphates. The non-

polar interferences were removed after the addition of 435 µL of 1-butanol (≥ 99 %). The 

results were expressed in µg of PO4
3- per mL of plasma. 

    

 

3.3.3. Morphological changes in fishes organs 

 

 

After blood sampling to determine ALP levels, fishes were sacrificed by ethically 

severing their vertebrae (physical methods of euthanasia by decapitation), according to the 

American Veterinary Medical Association (AVMA, 2013).  

Subsequently, the weight and length of the animals were registered and the liver 

and gonads were removed and weighed to calculate gonadosomatic (GSI) and 

hepatosomatic (HSI) indexes (Fig. 3.7). GSI or HSI were calculated as the mass of gonads 

or liver/body mass × 100 (Brink et al., 2012; Carballo et al., 2005; Hallgren et al., 2009). 
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The sex was confirmed by microscopically (400× magnification) histological 

examination of the gonads as described by Kinnberg et al. (2007). The ovaries were 

characterized by the presence of oocytes and their nucleus, and the testes by the 

presence of spermatids and spermatozoids (Fig. 3.8). In all experiments, only O. niloticus 

males were analyzed.  

 

  
Fig. 3.7: The red arrow indicates the gonads and the yellow arrow indicates the liver of O. niloticus. 

The gonads and the liver were removed and weighed to calculate the GSI and HSI. 
 

  
Fig. 3.8: Histological images of the gonads of male and female of O. niloticus. In the left side, male 

gonads or testes represented by the spermatids and spermatozoids. In the right side, female 
gonads or ovaries characterized by the presence of oocytes and their nucleus.   
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3.3.4. Genotoxicity assessment  

 

The micronuclei (MN), used as genetic-damage indicators (Çavaş and Ergene-

Gözükara, 2005) induced by contaminants in the environmental samples were counted in 

blood cells (erythrocytes) of exposed and not exposed Nile tilapia.  

The slides were prepared by smearing one drop of blood on clean microscopic 

slides, left to air-dry at room temperature until completely dry, fixed in absolute methanol 

for 10 min, left to air-dry again at room temperature, and finally stained with 5 percent 

Giemsa for 15 min (Bücker and Conceição, 2012; Yadav and Trivedi, 2009). 

A total of 1000 erythrocytes were examined for each specimen (five specimens per 

sample) under oil immersion at ×1000 magnification with a microscope (Carrasco et al., 

1990). The frequencies of micronuclei (MN) were expressed per 1000 cells (‰). The slides 

were coded, randomized and scored by a single observer using a blind review (Rodriguez-

Cea et al., 2003). 

The MN observed were classified, according to the literature (Fenech et al., 2003; 

Carrasco et al., 1990) as: non-refractory particles, small nuclei with the same coloration as 

the nucleus cell and with a round or ovoid shape (Fig. 3.9). 

 

    
Fig. 3.9: Blood cells (erythrocytes) slide of male Oreochromis niloticus, ×1000 magnification under oil 

immersion and stained with 5 percent Giemsa. The red arrow indicates the micronucleus 
(nuclear abnormalities) in response of genotoxicity effect.    
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3.4. Algae inhibition growth test 

 

This section is also divided in 2 parts (Paper IV and V ). The first part (Paper V ) was 

the application of the toxicity test with algae in industrial wastewater samples before and 

after the treatment with activated carbon and pH adjustment. This Paper V  was part of the 

training and applicability of method conducted in the Linnaeus University laboratories, as a 

part of the exchange program between LNU and UERJ funded by the Swedish Foundation 

for International Cooperation in Research and Higher Education-STINT. The second part 

(Paper IV ) was the evaluation of toxic effect by the presence of single and mixed 

estrogens and the interspecific interactions in response to the combination of two species 

of algae in the presence of single and mixed estrogens. 

The algae toxicity tests (Paper IV and V ) were performed based on the protocol 

established by Kaczala et al. (2011), Laohaprapanon et al. (2012) and OECD (2011), with 

duration of 96 h, under static conditional non-renewal technique. Four days before each 

experiments an initial growth culture was prepared for each specie individually 

(D. subspicatus in Paper IV  and P. subcapitata in Papers IV and V ) to ensure the 

exponential growth phase in the beginning of the test (Kaczala et al., 2011). A vertical 

laminar flow hood was used for manipulation of the cultures and samples.  

In the Paper V , wastewater streams after cleaning/washing of machinery and indoor 

floors in a wooden floor industry were collected onsite, just after generation. Composite 

samples of these wastewaters were filtrated with 0.45 µm GF/C Whatman filter paper, prior 

to storage of samples at - 20 ºC for further used in batch sorption tests and toxicity 

assessment (Fig. 3.10). Two available commercial coal-based activated carbons (AC) 

were used for batch sorption study. Surface area of the activated carbon-AC1 was 1,000 

m²/g (CAS number of 7440-44-0, 1.02184, Merck, Sweden) and the surface area of the 

activated carbon-AC2 was 775 m²/g (Highsorb 400, Norit).  

A volume of 300 mL of wastewater was stirred with 150 g/L AC1 and another 300 

mL of wastewater was stirred with 240 g/L AC2 in both cases in triplicate, under a constant 

agitation speed of 600 rpm. After 2 h of contact time, the wastewater samples were 

filtrated with 0.45 µm GF/C Whatman filter paper and characterized (soluble chemical 

oxygen demand, CODs; dissolved organic carbon, DOC; phenol; formaldehyde; anionic 

and cationic surfactants). In the acute toxicity assay, the effects of four wastewater 
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samples were evaluated, including baseline wastewater (untreated-R), pH adjustment 

(R7.5) and adsorption treated wastewater with AC1 and AC2. 

In the Paper V , the test was carried out in 6 mL tubes filled with 2.5 mL of six 

concentrations series of each wastewater samples (100; 50; 12.5; 3.125; 0.78 and; 

0.195%). All dilutions were tested in triplicates. Negative and positive controls using ultra-

purified water and potassium dichromate (2 mg/L K2Cr2O7) were conducted in parallel with 

the test samples. The test tubes were inoculated with 2.5 mL aliquots of stock culture of 

algae containing an initial density of 2 × 104 cells/mL. Therefore, the final cell density in 

each tube was 104 cells/mL (2.5 mL sample + 2.5 mL algae solution). The vials covered 

with Parafilm M were randomly arranged in racks (Fig. 3.10) (Kaczala et al., 2011). The 

assays were carried out under the same conditions used to keep algae cultures. After 96 

h, growth responses of algae were measured based on chlorophyll concentration, which 

was extracted in 99% ethanol for 8 h from the 0 h and 96 h samples. The growth rate and 

the percentage of inhibition were calculated according to equations previously established 

by Laohaprapanon et al. (2012). 

 

  
Fig. 3.10: Wastewater generated by cleaning/washing of machinery and indoor floors in a wooden 

floor industry after filtration and before the sorption study. The vials covered with Parafilm 
M were randomly arranged in racks. 

 

In the Paper IV , algae toxicity tests were performed with spiked water (Milli-Q 

water) contaminated with two natural estrogenic hormones (E2 and E1), one synthetic 

estrogenic hormone (EE2) and the combination of them (E1:E2:EE2) in the proportion 

1:1:1. The tests were carried out in 6 mL tubes (in triplicates) filled with 2 mL of spiked 

(Milli-Q) water and 2 mL of the stock culture of each alga to yield the following 
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concentrations: 0 (control), 0.01, 0.03, 0.1, 0.31, 1.0 and 3.2 µg/mL of estrogen. In order to 

choose the initial estrogens concentrations, the characteristics of the experimental design 

such as single initial dose and non-renewal conditions, as well as the available information 

about the half-life of the estrogens (Xu et al., 2012) were taken into consideration. The cell 

density was 104 cells/mL. The tests of the combined species (S+) followed the same 

procedure, but the initial cell density per species was 102 cells/mL to ensure the same final 

density of 104 cells/mL. A solvent control (acetone) at the highest concentration used and 

a positive control with potassium dichromate (VI) (K2Cr2O7) were included. All tubes were 

randomly arranged in tube racks (Fig. 3.11) (Kaczala et al., 2011). The assays were 

carried out under the same conditions used to keep algae cultures. To avoid algae 

sedimentation, all tubes were hand-mixed twice per day during the test (Kaczala et al., 

2011). Replicates were maintained in parallel for pH monitoring, to which glass electrodes 

could be introduced without interfering with the bioassays. Algal growth was measured via 

in vivo chlorophyll fluorescence and algal counting. In vivo chlorophyll fluorescence was 

measured three times for each tube using a SpectraMax M3 Multimode Reader (Molecular 

Devices Inc.) (Fig. 3.11) after 0, 24, 48, 72 and 96 h of exposure time (Kaczala et al., 

2011). The average specific growth rate and the inhibition rate were based on chlorophyll 

fluorescence and calculated according to OECD (2011) and Kaczala et al. (2011).  

 

  
Fig. 3.11: Algae inhibition growth test in D. subspicatus and P. subcapitata (single and combined) 

exposed to hormones spiked water for 96 h. Vials randomly arranged in racks. 
 

After 96 h (Paper IV ), approximately 2 mL of each sample were fixed in 1% of 

glutaraldehyde to further measure the algal density and morphology using a light 

microscope (100 x magnifications) and Neubauer’s chamber. The morphology was only 
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examined for D. subspicatus, which is known to present a highly variable morphology 

(Kaur et al., 2012) that can range from a unicellular appearance (most common) to a two-

celled coenobium, four-celled coenobium and even more than four-celled coenobium (Fig. 

3.12) appearance when exposed to stressed conditions (Hessen and Donk, 1993; Lürling, 

2006, 1998). 

  

   
Fig. 3.12: Single, two, four and eight coenobium formation of Desmodesmus subspicatus observed 

at the light microscope (400 x magnification). 
 

 

3.5. Physical and Chemical Analyses  

 

The physical and chemical variables analyzed (Papers I, II, III and IV) according to 

the American Public Health Association (APHA 2005) were: pH; dissolved oxygen (DO); 

chemical oxygen demand (COD); temperature; nitrite (NO2
-); nitrate (NO3

-); ammonia (N-

NH4
+); and volatile suspended solids (VSS). Total phosphorus (TP) was analyzed (Paper 

I) according to the Hach method 1020 TNTplus™ 843 (approved by the United States 

Environmental Agency). In the Paper V , soluble chemical oxygen demand (CODs), 

dissolved organic carbon (DOC), phenol, formaldehyde, anionic and cationic surfactants 

were analyzed using ready cuvette tests (Hach-Lange, Germany).  

 

 

3.6. Hormones  

 

Three estrogens were used in the experiments of the Papers II and IV : E1 [estrone 

(3-hydroxy-1,3,5(10)-estratrien-17-one), (≥99 percent, Sigma, CAS Number: 53-16-7)]; E2 

[17β-estradiol (3,17β-dihydroxy-1,3,5(10)-estratriene) (≥98 percent, Sigma, CAS Number: 
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50-28-2)]; and EE2 [17α-ethinylestradiol (17α-ethynyl-1,3,5(10)-estratriene-3,17β-diol) 

(≥98 percent, Sigma, CAS Number 57-63-6)]. In the Paper II each estrogen was dissolved 

in ethanol (≥99 percent) and in Paper IV  was dissolved in acetone (≥98 percent) and in all 

cases were individually added to spiked or stock solutions (Larsson et al., 1999).  

 

 

3.7. Analysis by GC-MS 

 

In order to compare nominal with measured (actual) concentrations, a preliminary 

study with three initial concentrations in the Paper II  (0.016; 2.0 and 50 µg/L for E1, E2, 

and EE2) and in the Paper IV  (5; 50 and 100 µg/L for E1, E2, EE2) in triplicates, following 

the procedure previously described (Hallgren et al., 2012; Souza et al., 2013). The 

differences in all cases were found to be below 6%. Based on this preliminary study, 

nominal concentrations were used in the next experiments. 

The measurement of the actual concentration of each stock solution as well as the 

previous assays (500 mL) were performed using solid phase extraction (SPE) followed by 

gas chromatography-mass spectrometry (GC-MS) analysis (Fig. 3.13). The SPE were 

performed using Agilent Bond Elut C-18, 500 mg, 3 ml cartridges previously conditioned 

(Ternes et al., 1999). The samples, adjusted to pH 3.0, percolated at a flow rate of 10 

mL/min (vacuum manifold) (Fig. 3.13). The samples were eluted in 2 x 2mL acetone; 

evaporated to dryness using a gentle stream of nitrogen; subjected to chemical 

derivatization (50µL of BSTFA) (Migowska et al., 2012); and analyzed by GC-MS. The 

estrogens recovery in the SPE was 80-85%. GC–MS analyses were performed using a 

7890A Agilent GC coupled to 5975C triplo axis detector of MS and with a HP-5MS (Agilent 

Technologies) capillary column (30 m, 0.25 mm I.D., 0.25 µm film thickness). The oven 

temperature program was 40 °C for 1 min, from 40 °C to 80 °C at 20 °C/min, from 80 °C to 

140 °C at 5 °C/min, from 140 °C to 200 °C at 100 °C/min and finally 1 min at 200 °C. 

Helium was the carrier gas at a constant flow rate of 0.93 mL/min. The injector 

temperature was 250 °C and the detector was 230 °C. Injections (1µL) were performed in 

splitless injector mode. Quantitative analysis was based on the peak areas of the 

quantitative ions recorded in SIM mode (342, 416, 425 m/z for E1, E2, EE2, respectively). 

Peak area ratios of samples were computed using Agilent Technology Chemstation 
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software. Calibration curves (0.005-50 µg/L) were generated using linear regression 

analysis with all values weighted equally. Detection limits and quantification limits were 

determined at a signal-to-noise ratio > 3 and in the concentration of 5.0 ± 0.1 ng/L for E1, 

E2 and EE2, respectively. 

According to the laboratory quality control procedures, the calibration curve was 

valid for one month. With each set of analysis, a solvent blank and a 5.0 ng/L standard 

solution (lowest point of the calibration curve) were run in sequence to check possible 

background contamination, peak identification and quantification. The maximum standard 

deviation accepted was 15%. EE2 was used as internal standard for E2 and E1, and E2 

was used for EE2 (Rose et al., 2002). 

 

  
Fig. 3.13: GC-MS Gas Chromatography (7890A Agilent) coupled to mass spectrometry (5975C 

triplo axis detector). Solid phase extraction (SPE) in an Agilent Bond Elut C-18, 500 mg, 
3 ml cartridges. 

 

 

3.8. Statistical Analysis  

 

GraphPad Prism (v. 6.03 for Windows, GraphPad Sofware, La Jolla California, 

USA) was used for the statistical analyses in the Papers I -V.  

In Paper I , for comparison among means, one-way ANOVA, followed by a post-hoc 

Tukey’s multiple comparison test was applied (p < 0.05). In Paper II and III , differences 

were tested for significance (p < 0.05) with Kruskal-Wallis followed by Dunn’s multiple 

comparisons test and Mann-Whitney U test. In Paper IV and V , the means and standard 
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deviations (s.d.) were calculated from triplicate samples. The EC50 (concentration that 

causes 50% reduction of algal growth compared to the negative control) was calculated 

using non-linear regressions of the chlorophyll measurements. In Papers II, IV and V , the 

lowest observed effect concentration (LOEC) and the no-observed-effect concentration 

(NOEC) were considered as the lowest concentration with statistically significant 

differences and the highest concentration without statistically significant differences when 

compared to the control, respectively.  
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4. RESULTS AND DISCUSSION 

 

4.1. Decentralized engineered ecosystem (DEE) 

 

 

The decentralized engineered ecosystem (DEE) achieved high efficiency in the 

domestic effluent treatment with satisfactory transparency with absence of offensive odor 

and color. The final effluent had the following physicochemical characteristic: DO, 3.15 ± 

0.65 mg/L; pH, 7.11 ± 0.24; VSS, 13.7 ± 4.2 mg/L; NO2, 0.26 ± 0.16 mg/L; NO3, 1.72 ± 

0.56 mg/L; NH4-N, 18.8 ± 9.3 mg/L; COD, 36.3 ± 12.7 mg/L and; TP, 14.0 ± 2.5 mg/L. The 

results of thermotolerant coliforms monitoring could be divided in two: before the sand filter 

was installed, the treated effluent was released with 2,563 ± 1,642 CFU/100 mL (colony 

forming units) (removal of 99.99%, compared with the raw wastewater 1.58 × 108± 4.56 × 

107CFU/100 mL); and after the sand filter was installed, the removal was 99.999% and 

403 ± 219 CFU/100 mL of thermotolerant coliforms remained in the final outlet. According 

to the Brazilian regulation (Conselho Nacional do Meio Ambiente (CONAMA), 2011), such 

efficiency, based on natural processes only, was considered good. As 80% of the samples 

were found to have below 500 CFU/100 mL and the threshold limit is 4,000 CFU/100 mL, 

the quality was compatible with primary contact uses.  Most of the results achived in the 

final effuent were under the thesthold limmits according to the Brazilian environmental 

regulation (CONAMA 430 2011) and the EU Urban Wastewater Treatment Directive 

(UWTD) (91/271/EEC) (Frost, 2009). However, the total phosphorus (TP) was not 

sufficiently removed, a matter that requires further investigation and better design with the 

inclusion of a low cost and simple TP removal unit. 

During the monitoring period of the DEE and according to Zimmels et al. (2006) and 

Solano et al. (2004), it was observed that some factor could interfere in the efficiency of 

the system and in the final concentrations of the effluent: flow rate, system design, climate, 

wastewater characteristics, and the macrophytes used. This efficiency achieved by each 

unit was due to the design and strategy adopted for each unit and the combination of them 

(Table 4.1).  
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In the septic tank (ST) the upflow was responsible for the improvement of the 

efficiency removal rates, converting the organic matter in to biogas, and reducing the 

amount of sludge retained in the bottom of the tank (Moussavi et al., 2010).  

In the submerged aerated filter (AF), the upflow and the support media favored the 

retention of suspended unattached biomass, as well as, a high population density and the 

slow growth of the microorganisms (such as nitrifying bacteria), in the less turbulent 

sections of the filter reducing the need for sludge recycling (Cannon et al., 2000; Morgan-

Sagastume and Noyola, 2008). Those factor allied with the DO concentrations > 3 mg/L 

and the low organic load rate (0.7 kg BOD/m3/day) were the key points for the high 

efficiency of the nitrification process (Cannon et al., 2000; Morgan-Sagastume and Noyola, 

2008; Zhang et al., 1994).  

 

Table 4.1:  Pollution removal (in %) achieved by each treatment unit (based on inflow and outflow to the 
specific unit). Contribution of each unit for the overall removal is shown in % within 
parentheses. In each column, values marked with the same letter are statistically similar; 
values marked with different letters are statistically different (p < 0.05; n = 18). (Table 3, Paper I ). 

Unit  Inflow –outflow removal in %  (contribution to the overall removal in % )  

 
VSS NO2 NO3 NH4-N COD TP 

ST 
48.6 (48.6)abc 

32.4 (32.4)a 4.3 (4.3)a −5.5 (–

5.5)ac 

35.4 

(35.4)abc 

27.3 

(27.3)a 

AF 
−13.9 (−7.1)d 

−2592 

(−1753)b 

−2448 (–

2342)b 

43.9 (49.4)b 57.7 (37.3)d 15 (10.9)ab 

SD 35.2 (62.1)abc 93.5 (93.5)a 64.4 (64.4)a 19.1 (10.7)c 23.8 (6.5)abc n.a. 

T1 & T21 62.1 (62.1) 93.5 (93.5)* 64.4 (64.4)* 52.1 (54.6) 79.2 (79.2) 38.2 (38.2) 

W1 11.5 (4.4)ac –45.4 (–2.9)a 88.2 (31.4)a 5.6 (2.5)a 40.5 (8.4)ad 1.0 (0.6)c 

AT 62.9 (21.1)ac 7.4 (0.7)a −11.5 (–0.5)a 22.4 (9.6)ab 21.1 (2.6)bc 14.5 (8.8)bc 

W2 44.9 (5.6)ac 14.8 (1.3)a 17.3 (0.8)a 8.3 (2.8)a 25.1 (2.4)c 10.2 (5.3)bc 

W3 −3.8 (−0.3)bd 44.5 (3.3)a 7.7 (0.3)a 1.1 (0.4)ac 7.4 (0.5)bc 3.2 (1.5)c 

T32 81.2 (30.8) 36.4 (2.4) 90 (32.1) 33.6 (15.2) 67.5 (14.0) 26.4 (16.3) 

Total 

Removal  
92.9 95.9 96.4 69.8 93.2 54.5 

Note: 1 Primary and secondary treatment together; 2 Tertiary treatment; * Denitrification process occurring 
in the SD, after the increment by the nitrification process, of 94.5% (NO2) and 96% (NO3) in AF; 
n.a. = not analyzed. 
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In the secondary decanter (SD), even that was over dimensioned, made the major 

contribution to the denitrification process and promoted sedimentation of the VSS. 

The vegetated tanks (macrophytes W1, W2 and W3 and algae AT) had smaller 

contribution on the overall treatment; however they promoted an important additional 

removal of nutrients (N and P). The efficiency of the vegetated tanks was due to the 

combination of different strategies such as the flow (superficial flow, chicaned flow, vertical 

and horizontal sub superficial flow) and the species of macrophytes (Eichhornia crassipes, 

Schoenoplectus sp. and Panicum cf. racemosum) and algae naturally present. These 

strategies also include the microorganism growth, biofilm formation, filtration, volatilization, 

and sedimentation, and an additional contribution by the plant biomass growth. Another 

key factor was the optimized biomass growth and consequently the nutrient uptake were 

assured by the fortnightly harvest of the macrophytes and algae, thus maintaining steady 

growth and eliminating the limiting factor of space, leading to further space optimization 

and seeking a greater biomass production within it. In the studied DEE, an overall surface 

area of 8.2 m2 (algae and the vegetated tanks together) was responsible for an average 

biomass growth rate of 34.24 g/m2/day. The estimation of nutrients and carbon uptake 

based on values obtained from the literature for the same species/taxonomic groups are 

presented in Table 4.2. 

In terms of nutrient uptake, the DEE designed in a multistage approach performed 

better than some previously described constructed wetlands with the same macrophytes 

(Greenway, 2005; Kavanagh and Keller, 2007; Lin et al., 2002; Perbangkhem and 

Polprasert, 2010). The efficiency obtained by the DEE system studied might be explained 

by suitable environmental conditions (climate, solar radiation) and frequent biomass 

harvesting, which optimized the space and kept the macrophyte growth within an optimum 

rate. The DEE overall uptake rates considering algae and vegetated tanks together with a 

total surface area of 8.2 m2 were 2.71 g N, 0.38 g P, and 19.43 g C /m2/day. 
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Table 4.2:  Mass balance (C, N, and P) in the vegetated tanks (n=13). ( Table 4, Paper I ). 

Species 

Tank 

surface 

area 

Biomass 

growth 

rate 

 
C, N, and P 

macrophyte 

uptake 

according to 

the literature  

(a, b, c, d, e ) 

C, N, and P 

estimated 

removal by 

macrophytes 

in the DEE** 

Estimated 

removal 

by other 

processes 

occurring 

in the 

tanks 

Total 

removal of 

C, N, and P 

by the 

tanks of 

the DEE 

(m2) (g/m 2/day)   (mg/g DW)  (g/m 2/day)  (g/m 2/day)  (g/m 2/day)  

Eichhornia 

crassipes 

(Pontederiaceae) 

2.06 12.10 

N 42.8a 0.52 9.52 10.04 

P 6.5b 0.08 0.04 0.12 

C 425c 5.14 22.27 27.42 

Algae* 2.06 13.53 

N 150c 2.03 1.48 3.51 

P 20c 0.27 1.38 1.65 

C 800d 10.82 1.46 12.28 

Schoenoplectus 

sp. (Cyperaceae) 
2.06 4.36 

N 14.6e 0.06 1.27 1.34 

P 2.6e 0.01 0.98 0.99 

C 396e 1.73 6.22 7.95 

Panicum cf. 

racemosum 

(Poaceae) 

2.06 4.25 

N 23.7e 0.10 0.25 0.35 

P 5.7e 0.02 0.26 0.28 

C 410e 1.74 0.67 2.41 

Total biomass 8.24 34.24 

N - 2.71 12.52 15.23 

P - 0.38 2.66 3.04 

C - 19.43 30.62 50.05 

Note: *Tank freely colonized by several algae species not identified in this study; aWang et al. (2002); bCosta 
and Henry (2010); cEntwisle et al. (1997); dEstimation based on C:N:P (50:8:1); eGreenway and 
Woolley (1999); ** Contribution by each macrophyte in each tank based on the removal rates of the 
parameters (mg d−1). 

 

 

4.2. Ecotoxicity assays  

 

4.2.1. ALP levels in fish plasma as indication of estrogenicity in water 

 

Based on the experiments 1 and 2 (Paper II) and 3 to 5 (Paper III ), O. niloticus was 

considered a versatile and resistant sentinel, suitable for monitoring programs with the 

results described in this section.  
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The ALP baseline level in plasma of non-exposed Oreochromis niloticus (Nile 

tilapia) males measured with the method improved by Hallgren et al. (2009) was lower 

(median value = 4.11 µg PO4
3-/mL plasma; IQ25 = 3.38; IQ75 = 5.18, Paper II ) than those of 

other species (males) described in the literature. The ALP baseline levels informed in the 

literature for other fish species are the following: 14 ± 10 µg/mL for Carassius carassius 

(Hallgren et al., 2009); 70 µg/mL for Oncorhynchus mykiss (Verslycke et al., 2002); 10.8 

µg/mL for Acanthopagrus latus (Naderi et al., 2012); 83 ± 20 µg/mL for Perca fluviatilis 

(Mandiki et al., 2005); 239 µg/mL for Pimephales promelas (Kramer et al., 1998) and 37 ±4 

µg/mL for Anguilla anguilla (Versonnen et al., 2004). 

In Experiment 1, after 15 days of exposure in a 130-L aquarium, the ALP levels in 

males exposed to EE2 concentrations varying from 0.016 to 50 µg/L significantly increased 

from the median value of 6.75 µg of PO4
3-/mL of plasma (IQ25 = 6.57; IQ75 = 8.03) to the 

median value of 1030 µg of PO4
3-/mL of plasma (IQ25 = 942; IQ75 = 1096) respectively, and 

were significantly higher than the median value found in the control (4.44 µg of PO4
3-/mL of 

plasma, IQ25 = 3.47; IQ75 = 5.91) (Fig. 4.1) (Figure 1, Paper II ). 

 

 
Fig. 4.1: Alkali-labile phosphate (ALP) concentrations in the plasma of male O. niloticus 

after 15 days of exposure to control water and six concentrations of 17α-
ethinylestradiol (EE2). 

 

In Experiment 2, after 15 days of exposure in 2-L aquarium, the ALP levels in the 

plasma of males exposed to 0.12 µg/L of EE2 (7.70 µg/mL, IQ25 = 5.84; IQ75 = 8.40), 0.12 

µg/L of E2 (8.44 µg/mL, IQ25 = 8.26; IQ75 = 8.62) and 0.12 µg/L of E1:E2:EE2 (1:1:1) 

mixture (7.04 µg/mL, IQ25 = 6.39; IQ75 = 7.54); and 0.36 µg/L of E1 (7.74 µg/mL, IQ25 = 
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7.09; IQ75 = 8.25) were significantly higher than the control (4.11 µg PO4
3 -/mL plasma, 

IQ25 = 3.38; IQ75 = 5.18). However, no significant difference in the ALP level was found at 

lower concentrations than those for each estrogen and the combination of them compared 

with the control (Table 4.3) (Figure 2, Paper II ). 

An additive effect of the combined E1:E2:EE2 (1:1:1) on the ALP levels was 

observed due to the fact that most of concentrations of each individual estrogen had no 

significant difference in ALP levels in males compared in fishes exposed to the 

combination of them (1/3 concentration of each)  at the same final concentration (Table 

4.3). According to Thorpe et al. (2003) this interaction between contaminants must be 

taken into account because the ability of some chemicals to interact in an additive manner 

in some organisms at concentrations below their individual LOEC, emphasizes the need to 

consider the total load of these chemicals in water bodies. 

The higher biologically potency of EE2 compared with E2 in terms of Vtg levels 

increase in plasma of male fishes was not confirmed as suggested by Thorpe et al. (2003). 

This result suggested that due to the similar mode of action (binding in the specific 

estrogen receptor) (Christen et al., 2010) those estrogens had similar potency in the tested 

fish species. Both estrogens (EE2 and E2) had three times higher potency than E1. 

In all experiment the solvent control had no significant difference compared with the 

water control (F= 1.60; p = 0.25).  

 

Table 4.3: ALP level (µg of PO4
3-/mL of plasma) in O. niloticus males after 15 days of exposure 

with intermittent dose of the initial concentration in 2 L aquarium. Individual E1, E2, EE2 
and combined (1:1:1) estrogens in different concentrations (µg/L), NOEC and LOEC 
values. (n = 5) (Table 1, Paper II ). 

Estrogen 
NOEC 

µg/L 

LOEC 

µg/L 
Control  

0.012 

µµµµg/L 

0.03 

µµµµg/L 

0.12 

µµµµg/L 

0.36 

µµµµg/L 

0.60 

µµµµg/L 

EE2 0.03 0.12 

4.44 

4.33aA 4.99aA 7.70aB 8.40abB 8.81aB 

E2 0.03 0.12 5.11aA 5.35aA 8.44aB 8.86aB 9.85aB 

E1 0.12 0.36 4.84aA 5.04aA 5.70bA 7.74bB 8.01bB 

Mixture  0.03 0.12 4.43aA* 5.15aA 7.04aB 8.29abBC 9.11aC 

Note: NOEC: no observed effect concentration; LOEC: lowest observed effect concentration; *Due 
to operational limitations, the final total concentration of the mixture was 0.015 µg/L instead 
of 0.012 µg/L. Capital letter (A-D) compares rows (effect of each estrogen). Lower case 
letters (a, b) compares columns (effect of each concentration). Different letters means 
difference statistically significant (p < 0.05). 
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Comparing the results of EE2 exposure of Experiment 1 and 2, in 130 L aquarium 

the lowest EE2 concentration that produced significantly higher ALP levels compared with 

the water control (LOEC) was 0.016 µg/L. However, in 2 L aquarium, the LOEC was found 

to be 0.12 µg/L of EE2. The LOEC in Experiment 2 was therefore approximately 7.5 times 

higher than the LOEC observed in Experiment 1. To explain this result, the hypothesis was 

that the hormone load (mass of estrogen in each experimental unit) was the main 

independent variable or factor responsible for the alterations of ALP levels in the plasma of 

male fishes. The large differences in size between the aquarium used in Experiment 1 

(130 L) and in Experiment 2 (2 L) resulted in large differences in terms of mass loads even 

for similar concentrations. Another factor to consider is the number of fishes per aquarium. 

Therefore, if the total load of EE2 in each experiment (including the water renewal) is 

divided by the number of exposed fishes (considering that they have similar weight) in 

terms of µg of EE2/fish a different view is uncovered (Table 2, Paper II ). No significant 

differences were found between the ALP levels measured in fishes exposed to 0.016 µg/L 

(0.52 µg of EE2/fish) compared to 0.12 µg/L (0.72 µg of EE2/fish); and 0.08 µg/L (2.6 µg of 

EE2/fish) compared to 0.36 µg/L (2.2 µg of EE2/fish) (Fig 4.2 A and B). On the other hand, 

when the ALP levels in fishes exposed to similar concentrations of EE2 were compared 

(0.012 µg/L in 2 L and 0.016 µg/L in 130 L; 0.36 µg/L in 2 L and 0.40 µg/L in 130 L) 

significantly higher ALP levels were found in those fishes exposed to the higher loads (130 

L aquarium) (Fig 4.2 C and D).  

Issues related to the size of the experimental unit such as the aquarium volume is 

rarely addressed in the literature. The discussion about the relevance of load vs. 

concentration is back in Paper VI , where the authors highlight it as part of important 

factors to consider during the experimental design of ecotoxicology assays. 
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Fig. 4.2: Alkali-labile phosphate (ALP) levels in O. niloticus males exposed to: (A 

and B) similar loads of EE2 (µg/fish) of EE2; (C and D) similar 
concentrations of EE2 (µg/L), but different loads, in 130 L aquarium 
(grey bars) and 2 L aquarium (white bars). Note: Different letters means 
difference statistically significant (p < 0.05). (Figure 3, Paper II). 

 

After the application of the method modified with Crucian carp (Halgren et al, 2009) 

for determination of ALP plasma baseline levels in O. niloticus (Paper II ) with 

determination of the lowest estrogen concentration (of single and combined, natural and 

synthetic estrogens) that produced significant increase of the ALP levels (LOEC), in 

Experiments 3 to 5 (Paper III ), the males of O. niloticus were exposed to environmental 

samples from largely distinct water environments. The results in terms of ALP levels were 

compared to the EE2 LOEC (0.12 µg/L) as a positive control as shown in Experiment 2, 

Paper II  (Table 4.3 and Fig. 4.3). The synthetic EE2 was selected for comparisons based 

on the facts that: (i) it is more resistant than natural estrogens to biodegradation in natural 

water bodies (Jürgens et al., 2002); (ii) the EE2 half-life in water and sediments varies 

from 2 to 6 days (Ying et al., 2002), which fitted with the experimental design and planning. 
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Fig. 4.3: Alkali-labile phosphate (ALP) concentrations in the plasma of male O. niloticus after 15 

days of exposure to control water; wastewater treatment plants; Decentralized Engineered 
Ecosystem; urban lagoon; contaminated site with gasoline samples; and 0.12 µg/L of 17α-
ethinylestradiol (EE2). 

 

In Experiment 3, the ALP levels in plasma of fishes exposed to the WWTP inlet 

samples (Fig. 4.3) (Figure 1, Paper III ) were significantly lower (median = 3.06 µg PO4
3-

/mL plasma, IQ25 = 2.76; IQ75 = 3.36) than the control (median = 4.11 µg PO4
3-/mL plasma, 

IQ25 = 3.38; IQ75 = 5.18). One hypothesis not checked in the present study is that the 

presence of toxic contaminants impairs the liver functioning and depletes the ALP 

production. In contrast, the opposite occurred in fishes exposed to the outlet samples (7.29 

µg PO4
3-/mL plasma, IQ25 = 5.60; IQ75 = 8.98), and two hypothesis still to be tested were 

formulated to explain that: (i) occurrence of removal/reduction of the toxic substances 

during the treatment that cause the Vtg inhibition in the raw sewage; (ii) formation of new 

compounds (metabolites) during the treatment process, which act as endocrine disruptors 

(Fent et al., 2006; Heberer, 2002). No significant difference was found in ALP levels of fish 

exposed to the WWTP outlet and to 0.12 µg/L of EE2 (Fig. 4.2). In other words, the WWTP 

outlet had estrogenicity equivalent to the EE2 LOEC. 

The ALP level in fishes plasma exposed to the inlet of the Decentralized Engineered 

Ecosystem (DEE) (median = 6.19 µg PO4
3-/mL plasma, IQ25 = 5.75; IQ75 = 7.01) (Fig. 4.3) 

(Figure 2, Paper III ) were significantly higher than that in the control (4.11 µg PO4
3-/mL 

plasma, IQ25 = 3.38; IQ75 = 5.18). However, ALP in the outlet (median = 4.52 µg PO4
3-/mL 

plasma, IQ25 = 4.28; IQ75 = 5.17) was similar to the control. The ALP of fishes exposed to 

the inlet was similar to the ALP of fishes exposed to the EE2 LOEC concentration (0.12 

µg/L of EE2). In other words, the DDE inlet presented estrogenicity equivalent to the EE2 

LOEC. On the other hand, the estrogenicity of the DEE outlet was significantly lower than 
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the EE2 LOEC (Fig. 4.2). These results suggested that the decentralized engineered 

ecosystem was able to reduce the endocrine disruption effect in the final effluent.  

Large differences in the compositions of both sewages are likely to occur, since the 

DEE treat the domestic wastewater generated by 12 inhabitants and the WWTP treats the 

wastewater from 110,000 inhabitants in an urban area with several industrial activities. 

There were also differences in treatment processes, as the municipal WWTP 

contained preliminary, primary, and secondary treatments, whereas the DEE comprised 

preliminary, primary, secondary and tertiary treatments, with the final steps formed by 

vegetated tanks. 

Algae and aquatic macrophytes have been described as capable to remove 

estrogens from water (Gray and Sedlak, 2005; Shi et al., 2010), through sorption on alga 

biomass and macrophyte roots (hydrophobic surfaces), followed by biodegradation and 

biotransformation carried out by microorganisms and plant uptake (Song et al., 2009). 

In the Experiment 4, males of Nile tilapia were exposed to water samples obtained 

from 3 sampling points in an urban lagoon (Rodrigo de Freitas lagoon, LRF) with wide 

variation of salinity (4 to 16‰). The ALP plasma concentrations increased significantly in 

fishes exposed to water samples obtained at LRF1 (median = 7.14 µg PO4
3-/ mL plasma, 

IQ25 = 6.80; IQ75 = 8.62) compared to the control (median = 4.11 µg PO4
3-/mL plasma, IQ25 

= 3.38; IQ75 = 5.18). The ALP level at LRF1 was not significantly different from the EE2 

ALP level (Fig. 4.3) (Figure 3, Paper III ). The LRF1 sample was directly affected by the 

discharge of channeled rivers. Due to the densely occupied upper part of the drainage 

basin and the fact that many of these households have no connection to the sewerage 

network, it is reasonable to believe that the increase in ALP levels observed is associated 

with the presence of estrogens and/or xenoestrogens discharged into the river.   

Regarding the other two sampling points LRF2 (located at the opposite side of the 

seawater inflow, median = 5.19 µg PO4
3-/mL plasma, IQ25 = 5.05; IQ75 = 5.45) and LRF3 

(located at the opposite side of the river discharge point, median = 5.14 µg PO4
3-/mL 

plasma, IQ25 = 4.46; IQ75 = 5.25), no significant differences were found in the ALP levels 

compared with the control. The ALP levels in the LRF2 and LRF3 samples were 

significantly lower than the EE2.  

The results illustrate the applicability of ALP level as a useful biomarker for 

detecting the presence of domestic sewage in water bodies. It is important to highlight that 
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the present investigation did not aim to conduct a complete environmental assessment of 

the urban lagoon, but just to evaluate the applicability of the modified ALP quantification 

method using O. niloticus, which is resistant to a wide range of salinity (4 to 16‰), among 

other adverse conditions. 

In Experiment 5, males of Nile tilapia were exposed to surface water samples from 

a gasoline-contaminated marshland (SW) (lentic environment) and from a groundwater 

well (GW) in the same area. The chemical characterization of six-surface water (SW) and 

one groundwater (GW) sampling points is shown in Table 4.4. Significant increase was 

observed in the ALP levels in plasma of fishes exposed to all sampling points (Table 4.4) 

compared to the control and to the estrogen EE2 LOEC (Fig. 4.3) (Figure 4, Paper III ). It 

was concluded that O. niloticus was particularly useful as bioindicator for estrogenicity 

when exposed to gasoline-contaminated waters samples (without dilution). Additionally, 

the ALP values in fishes exposed to these samples were significantly higher than those 

obtained from animals exposed to samples from the wastewater treatment plants (WWTP 

and DEE) and from the urban lagoon (LRF). The endocrine disruption effect and genetic 

responses of spiked water with diesel oil and gasoline has been previously described in 

the literature for the fish species Anguilla anguilla L. (Pacheco and Santos, 2001). 

However, to demonstrate this effect in highly contaminated real samples, resistant species 

such as O. niloticus are needed. 

 

Table 4.4: Chemical characterization and biomarkers results of water of six marshland (SW1 to SW6) 
and one groundwater (GW1) sampling points from a gasoline-contaminated site. (Table 1, 
Paper III ). 

 
SW1 SW2 SW3 SW4 SW5 SW6 GW1 

BTEX (µg/L) 63.7 224.1 64.1 101.3 15.0 2.2 60104 

TPH-GRO (µg/L) 1833 1854 391.6 735.4 150 150 322513 

PAH (µg/L) 1.7 3.1 0.4 6.48 0.4 0.4 29.9 

Cu (µg/L) 179 34 4.5 29 67 27 4.5 

Cr (µg/L) 41.0 5.0 5.0 5.0 5.0 22.0 5.0 

Fe (mg/L) 192.9 287 22.3 31.8 15.3 136 0.7 

P (mg/L) 3.9 1.6 0.3 0.4 1.0 1.4 0.01 

Mn (µg/L) 562 639 310 531 201 1310 28 

Zn (µg/L) 633 284 35 150 192 176 84 

Mg (mg/L) 3.4 1.4 1.2 1.5 1.5 3.2 0.3 

ALP (µg/mL) 10.7 7.0 13.9 11.1 8.9 14.5 9.5 
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 (5.6; 

12.0) 

(6.9; 7.2) (9.1; 

18.1) 

(6.5; 

14.4) 

(6.2; 11.3) (10.3; 

17.5) 

(8.7; 11.2) 

HSI (%) 

 

0.42 

(0.39; 

0.55) 

0.28 

(0.23; 

0.29) 

0.49 

(0.45; 

0.50) 

0.36 

(0.26; 

0.39) 

0.33 

(0.28; 0.35) 

0.45 

(0.18; 

0.50) 

0.37 

(0.27; 0.42) 

GSI (%) 

 

0.16 

(0.15; 

0.25) 

0.18 

(0.09; 

0.22) 

0.18 

(0.13; 

0.24) 

0.31 

(0.1; 

0.33) 

0.14 

(0.13; 0.22) 

0.15 

(0.10; 

0.19) 

0.22 

(0.18; 0.23) 

MN (‰) 
8 

(7; 9) 

3 

(2; 3.7) 

3.5 

(3; 4) 

4 

(2; 5) 

6 

(5; 7.5) 

5 

(2; 6.2) 

4 

(2; 5) 

ALP=Alkali-Labile Phosphate median values (IQ25; IQ75); HSI=Hepatosomatic Index; 
GSI=Gonadosomatic Index; MN=Micronuclei frequency. 

 

 

4.2.2. Nile Tilapia as a bioindicator of aquatic pollution: Auxiliary biomarkers 

 

 

After the Experiments 1 and 2 (Paper II ) it was clear that the auxiliary tools used to 

the evaluation of morphological biomarkers such as hepatosomatic index (HSI, 0.12 ± 

0.7% in non-exposed fishes) and gonadosomatic index (GSI, 0.56 ± 0.29% in non-

exposed fishes), are less sensitive indicator for the presence of estrogens in small loads (≤ 

3.6 µg/fish) than ALP levels in plasma. However they have brought useful information 

when fishes were exposed to higher loads of estrogens (≥ 13 µg/fish) (Fig. 4.4). 

Nevertheless, GSI and HSI are closely related to the endocrine disruption effects, due to 

the fact that when the gonads are affected, disturbances in the estrogen production by the 

ovary occur, which might in turn reduce Vtg production by the liver (Verslycke et al., 2002). 

It is also important to highlight the inverse relationship between the GSI and HSI (Harries 

et al., 1996). 
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Fig. 4.4: Morphological biomarkers hepatosomatic index (HSI) and gonadosomatic index (GSI) 

as an auxiliary biomarkers used to assess the effect of estrogens in water. 
 

In Experiments 3, 4 and 5 (Paper III ) fishes exposed to the water control samples 

(HSI median = 0.11 %, IQ25 = 0.07; IQ75 = 0.14; and GSI median = 0.56 %, IQ25 = 0.32; 

IQ75 = 0.58) were used to compare the results with the environmental samples (Fig. 4.5 

and 4.6) (Figures 3 and 4, Paper III ). The EE2 LOEC (0.12 µg/L of EE2, same applied in 

ALP level) was not applied in any case, due to the fact that no statistical differences were 

detected when compared to the water control (p = 0.64). 

In Experiment 3, comparison with the control revealed a significant increase in the 

HSI of fishes exposed to both inlet samples (WWTP inlet median = 0.32 %, IQ25 = 0.30; 

IQ75 = 0.34; and DEE inlet median = 0.26 %, IQ25 = 0.24; IQ75 = 0.29). Fishes exposed to 

both WWTP and DEE outlet samples had their HSI not significantly different from the HSI 

of fishes exposed to the water control (WWTP outlet median = 0.20 %, IQ25 = 0.14; IQ75 = 

0.29; and DEE outlet median = 0.16 %, IQ25 = 0.12; IQ75 = 0.23) (Fig. 4.5).  

Fishes exposed to both inlet samples (WWTP inlet median = 0.22 %, IQ25 = 0.17; 

IQ75 = 0.27; and DEE inlet median = 0.23 %, IQ25 = 0.14; IQ75 = 0.28) had the gonads 

significantly less developed than those exposed to the water control. Similar to the results 

obtained for the HSI, the fishes exposed to both WWTP and DEE outlets had their GSI not 

significantly different from the GSI of fishes exposed to the water control (WWTP outlet 

median = 0.31 %, IQ25 = 0.28; IQ75 = 0.40; and DEE outlet median = 0.37 %, IQ25 = 0.34; 

IQ75 = 0.43) (Fig. 4.6).  
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In Experiment 4, fishes exposed to the water samples obtained at the LRF1, LRF2 

and LRF3 sampling points had no significant differences when compared to the controls 

for both biomarkers HSI and GSI. The HSI observed were: LRF1 median = 0.17 %, IQ25 = 

0.15, IQ75 = 0.21; LFR2 median = 0.07 %, IQ25 = 0.05, IQ75 = 0.08; and LRF3 median = 

0.08 %, IQ25 = 0.05, IQ75 = 0.11. The GSI observed were: LRF1 median = 0.34 %, 

IQ25 = 0.16, IQ75 = 0.44; LRF2 median = 0.59 %, IQ25 = 0.33, IQ75 = 0.73; and LRF3 

median = 0.75 %, IQ25 = 0.62, IQ75 = 0.89 (Figures 4.5 and 4.6). 

In Experiment 5, water of all surface water and groundwater sampling points from 

the gasoline-contaminated marshland significantly increased the HSI (medians ranging 

from 0.18 to 0.55 %) (Fig. 4.5, Table 4.4) and decreased the GSI (medians ranging from 

0.10 to 0.30 %) (Fig. 4.6, Table 4.4) in exposed fishes, compared to those exposed to the 

water control.  

The positive control (EE2 LOEC equivalent to 0.12 µg/L of EE2), and two other 

contaminated samples (WWTP outlet and LRF1) had no effect on the HSI and the GSI 

indexes, but these same samples provoked detectable effects on the biomarker ALP. 

Because both organs (liver and gonads) are directly related to both toxicity in general and 

the endocrine disruption effects, it is recommended to check the inverse relation of HSI 

and GSI (Harries et al., 1996) in native (wild fishes) or in longer exposure time assays. 
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Fig. 4.5: Hepatosomatic Index (HSI) (%) of male O. niloticus after 15 days of exposure to control 

water; wastewater treatment plants; decentralized engineered ecosystem; urban lagoon; 
contaminated site with gasoline samples; and 0.12 µg/L of 17α-ethinylestradiol (EE2). 

 

 
Fig. 4.6: Gonadosomatic Index (GSI) (%) of male O. niloticus after 15 days of exposure to control 

water; wastewater treatment plants; decentralized engineered ecosystem; urban lagoon; 
contaminated site with gasoline samples; and 0.12 µg/L of 17α-ethinylestradiol (EE2). 

 

The micronucleus frequency (MN) proved to be a very sensitive biomarker of the 

presence of (individual or combined) natural or synthetic estrogens (Experiment 2, Paper 

II) in fishes exposed to loads as low as 0.07 µg/fish (0.012 µg/L) of all tested estrogens 

(E1, E2, EE2) as well as the combination of them (E+) compared to the levels in fishes 

exposed to the water control (0 ‰, IQ25 = 0; IQ75 = 0). In all tested concentrations (0.012 to 

0.6 µg/L) the MN frequency varied from 2‰ to 6‰ for EE2; from 2‰ to 4‰ for E2; from 

2‰ to 5‰ for E1; and the combination of estrogens the frequency was from 2‰ to 4‰. 

However, no significant difference was found among different estrogens at similar 

concentrations. Sponchiado et al. (2010) showed that under both acute and chronic 

exposure, estrogens can produce mutagenic and genotoxic effects on the blood cells of 

O. niloticus. 
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Most of the results obtained with Experiments 3 to 5 regarding MN frequency 

corroborated with the ALP results. MN frequency test proved to be a useful tool for 

assessment of genotoxicity in varied environmental samples with also estrogenicity action, 

using O. niloticus (Fig. 4.7). 

In Experiment 3, the MN frequency in fishes exposed to the inlet (WWTP inlet 

median = 3 ‰, IQ25 = 3; IQ75 = 4.5; and DEE inlet median = 3 ‰, IQ25 = 2; IQ75 = 4) and in 

fishes exposed to the outlet (WWTP outlet median = 2 ‰, IQ25 = 2; IQ75 = 3.25) showed a 

significant increase in MN frequency compared with the water control (control, 0 ‰; IQ25 = 

0; IQ75 = 0) (Fig. 4.7) (Figures 2, Paper III ). No significant differences were found when 

these MN frequencies were compared to the MN frequency provoked in fishes exposed to 

EE2 LOEC (median = 3 ‰, IQ25 = 3; IQ75 = 4). Regarding fishes exposed to the DEE outlet 

samples (median = 1 ‰, IQ25 = 0; IQ75 = 1) no significant difference was found from those 

exposed to the water control.  

In Experiment 4, the MN frequency in cells of fishes exposed to water control from 

all sampling points (LRF1 median = 1.5 ‰, IQ25 = 1; IQ75 = 2; LRF2 median = 2 ‰, IQ25 = 

1; IQ75 = 2; and LRF3 median = 2 ‰, IQ25 = 1.25; IQ75 = 2) were significantly higher and 

significantly lower than the MN in cells of fishes exposed to the water control and to the 

EE2 LOEC, respectively. According to Jiraungkoorskul et al. (2007) and Rodriguez-Cea et 

al. (2003), changes in the MN frequency in blood cells of fishes is a good indicator of 

structural genomic changes to be used as bioassay for water bodies biomonitoring.  

In Experiment 5, all water samples tested produced significantly higher MN 

frequency (medians from 2 ‰ to 9 ‰) compared to those of the water control (Fig. 4.7, 

Table 4.4). The MN frequency of fishes exposed to SW1 was even higher (SW1 median = 

8 ‰, IQ25 = 7; IQ75 = 9) than those in the EE2 LOEC. In all other water samples, the MN 

frequency had no statistical difference from the MN frequency in fishes exposed to EE2 

LOEC. The higher MN frequency observed in O. niloticus exposed to the marshland and 

groundwater samples, is partly explained by the naturally occurring high contents of metals 

in most of sampling points (due to the soil properties in the area) but is likely to be mostly 

related to the high concentrations of BTEX, THH-GRO and PAH in some samples, as the 

main root cause of nuclear abnormalities observed in cells of exposed fishes.   

After Experiments 1 to 5 it is possible to state that the combination of several 

biomarkers (ALP, GSI, HSI and MN) is a useful way to explore one bioindicator such as 
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fishes (Jiraungkoorskul et al., 2007), especially when the contaminants of interest have 

high liposolubility, high capacity to bioaccumulate in lipid structures and potential to 

generate effects at the cell nuclear level (Sponchiado et al., 2010). According to 

Sponchiado et al. (2010) accumulation increases the chances to generate effects in 

nuclear level.  

 

 
Fig. 4.7: Micronuclei frequency (MN) (‰) in blood cells of male O. niloticus after 15 days of exposure 

to control water; wastewater treatment plants; decentralized Engineered Ecosystem; urban 
lagoon; contaminated site with gasoline samples; and 0.12 µg/L of 17α-ethinylestradiol 
(EE2). 

 

 

4.2.3. Unicellular microalgae as a bioindicator of toxicity after industrial wastewater 

treatment with activated carbon  

 

 

Since the wastewater treatment using sorption (in batch mode) “per se” is not the 

main focus of the present thesis, the results are presented in a summarized form (more 

information is found in Paper V ). Both activated carbons satisfactorily removed large part 

of the organic pollutants in the industrial wastewater (Table 4.5) (Tables 1 and 2, Paper 

V).  

In toxicity assays, as expected, higher amounts of chemical substances measured 

as COD in the wastewater, corresponded to higher toxicity for the bioindicator. It is not yet 

clear which compound(s) in the wastewater were responsible for the toxicity observed, 

since the composition of this type of industrial wastewater is very complex. However, there 

are some evidences suggesting that not-measured organic constituents (such as 

formaldehyde, phenol and surfactants) found in the studied wastewater are potential 

inhibitors of algae growth (de Melo et al., 2013; Lürling, 2006; Tisler and Zagorc-Koncan, 
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1997; Torres et al., 2008). Surfactants can denature and bind proteins in the cell 

membrane and consequently affect the permeability to nutrients and chemicals (Torres et 

al., 2008) whereas formaldehyde is a well-known disinfectant. 

 

Table 4.5:  Untreated wastewater generated after cleaning/washing of surfaces 
and machinery in a wooden floor industry, and the removal rates 
after the batch sorption study with two types of activated carbon 
(AC1 and AC2). 

Parameter  Wastewater  

(mg/L) 

            Removal rat es (%) 

         AC1                     AC2 

pH* 4.7 6.8 8.6 

CODs  8,790 77.8 79.6 

DOC 5,096 75.1 76.5 

Phenol  7.1 97.4 94.1 

Formaldehyde  202 77.2 74.6 

Anionic surfactants 1.6 93.1 93.1 

Cationic surfactants 0.73 87.7 84.9 

Note: *all mean values are presented in mg/L, except pH. 
 

In the present study, at low wastewater concentrations, stimulatory effect was 

observed and wastewater with pH adjustment showed the highest stimulatory effect at 

concentrations of 0.78% and 0.019% v:v. However, after the wastewater treatment with 

adsorption and consequent removal of large portion of organic carbon sources from the 

wastewater, the stimulatory effect on algae growth was reduced. This means that in 

addition to sunlight, the algae can use external carbon source for cell energy. These 

properties are particularly relevant for bioremediation purposes (Subashchandrabose et 

al., 2013). 

In addition to organic compounds in wastewater, the pH also plays an important role 

on algae growth. In such a complex industrial wastewater, changes in pH can affect 

different toxicity mechanisms to aquatic organisms, since the bioavailability of some 

pollutants (i.e. metal) are pH-dependent (Rai et al., 1994). As it is observed in the present 

study, when the wastewater pH was raised from 4.7 to 7.5 (Table 4.6), the EC50 increased 

from 0.85% to 4.0% (in other words, the toxicity was reduced to a large extent).  
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Table 4.6:  EC50 and NOEC values of untreated wastewater without (R) and 
with (R7.5) pH adjustment and wastewater treated with activated 
carbon AC1 and AC2; r2 values (under parenthesis) obtained in 
toxicity assays with P. subcapitata. (Tables 3, Paper V ). 

 R R7.5 AC1 AC2 

EC50,96h  (% v:v) 0.85 

(0.95) 

4.0 

(0.97) 

4.4 

(0.93) 

6.9 

(0.94) 

NOEC,96h (% v:v) 0.049 

(0.88) 

0.78 

(0.86) 

1.56 

(0.90) 

1.56 

(0.89) 

 

Carbon adsorption removed great amount of organics (about 75% of CODs) from 

the studied wastewater but it was not efficient in removing toxicity, as suggested by the 

low value of EC50 (4.4% after AC1 and 6.9% after AC2 treatments). Moreover, the statistical 

analysis using one-way ANOVA (Table 4.6) shows that the EC50 of wastewater treated by 

ACs was not significantly different from the EC50 of the wastewater with adjusted pH (p < 

0.05).  

Regarding the NOEC value, pH adjustment increased NOEC significantly and 

treatment with AC1 and AC2 increased it even more. This result has confirmed that the pH 

adjustment was as good as the activated carbon adsorption in term of toxicity removal. 

However, a powerful and effective treatment of the cleaning wastewater generated by the 

wooden floor industry is required in order to improve the quality of the final effluent. 

 

 

4.2.4. Single or combined unicellular microalgae species as a bioindicator of 

toxicity when exposed to estrogen hormones 

 

 

Based on the EC50 values (Table 4.7) (Tables 1, Paper IV ), natural and synthetic 

estrogens affected both D. subspicatus and P. subcapitata. The EE2 and E2 had similar 

toxicity effect, but were more toxic than E1 to both species. The EC50 of all tested 

estrogens increased with time, which suggested a time-response attenuation effect, as 

previously observed for D. subspicatus exposed to storm water runoff from wood storage 

areas (Kaczala et al., 2011) and water polluted with formaldehyde (López-Rodas et al., 

2008). Lürling (1998) explained the gradual decrease in toxicity as an inactivation due to 
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adsorption and bioconcentration of the toxic compounds by the algae cells, which was also 

the explanation proposed by Shi et al. (2010) for the removal of E1, E2 and EE2 from 

wastewater by algae and duckweed. Sorption can be followed by bioconcentration of 

estrogens via an active transport or selective binding mechanism, such as binding to 

receptors or enzymes (Lai et al., 2002).  

Algae are known to play an important role in the fate of organic compounds in 

aquatic ecosystems (Lai et al., 2002), and the attenuation of the toxic effects of estrogens 

may be related to degradation or uptake by the algae. After 96 h, the NOEC values had 

similar results when measured by fluorescence and algal counting. The NOEC values for 

D. subspicatus were: < 0.01 µg/mL (EE2 and E2); 0.10 µg/mL (E+) and; 0.31 µg/mL (E1). 

For P. subcapitata the NOEC values were: < 0.01 µg/mL (EE2 and E2); 0.10 µg/mL (E+) 

and; 0.10 µg/mL (E1).  

When D. subspicatus was exposed to mixtures containing one third of each 

estrogen (E+) during 96 h, the effect on algal growth (based on EC50) was less toxic than 

the individual effects caused by each estrogen (less-than-additive combined effect) (Table 

4.7). 

According to (Cleuvers, 2004) an additive effect was observed when D. subspicatus 

was exposed to anti-inflammatory drugs. However, when P. subcapitata was exposed to 

E+ for 96 h, the final effect on algal growth (based on EC50) appeared to have a similar 

toxic effect, as suggested by Table 4.7. In this case when the P. subcapitata was exposed 

to the mixture of EE2, E2 and E1 (E+) in the same proportions, an additive effect was 

observed. Additionally, the NOEC results showed that toxic effects also occurred when E1, 

E2 and EE2 were applied as a mixture (E+) at concentrations below their individual NOEC, 

a phenomenon previously reported by Cleuvers (2004). 

 

Table 4.7:  EC50 mean value (min-max) in µg/mL of single E1, E2, EE2 and mixed (E+) estrogens (initial 
ratio 1:1:1) for individual P. subcapitata (PS) and D. subspicatus (DS) cultures and combined 
(S+) cultures (initial ratio 1:1) after exposure for 24, 48, 72 and 96 h. (Table 1, Paper IV ). 

 
EC5024h EC5048h EC5072h EC5096h 

 
PS DS S+ PS DS S+ PS DS S+ PS DS S+ 

EE2 

0.01aA 0.04aB 0.07aC 0.32aA 0.11aB 0.60aC 0.46aA 0.48aA 1.02aB 0.80aA 0.73aA 1.29aB 

(0.008-

0.019) 

(0.02-

0.05) 

(0.05-

0.10) 

(0.22-

0.46) 

(0.06-

0.21) 

(0.41-

0.85) 

(0.21-

0.69) 

(0.23-

0.80) 

(0.67-

1.45) 

(0.51-

1.05) 

(0.37-

1.12) 

(0.89-

1.58) 

E2 

0.01aA 0.08aB 0.09bC 0.05bA 0.42aB 0.76aB 0.30aA 0.66aA 1.18aB 0.87aA 1.07aA 1.87aB 

(0.007-

0.012) 

(0.06-

0.10) 

(0.07-

0.21) 

(0.01-

0.09) 

(0.31-

0.55) 

(0.48-

1.13) 

(0.12-

0.67) 

(0.58-

0.75) 

(0.45-

1.82) 

(0.60-

1.37) 

(0.8-

1.49) 

(0.53-

2.8) 
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E1 

0.65bA 2.02bB 0.18cC 1.28cA 2.40bB 2.03bB 3.74bA 3.53bA 3.35bA 4.39bA 7.24bB 5.58bC 

(0.37-

1.13) 

(1.50-

2.31) 

(0.12-

0.24) 

(0.97-

1.68) 

(1.2-

3.74) 

(1.10-

3.37) 

(2.45-

5.70) 

(2.30-

5.35) 

(2.15-

5.21) 

(2.95-

6.54) 

(6.17-

8.73) 

(3.85-

7.08) 

E+ 

0.02aA 0.64cB 0.06aA 0.05bA 2.64bB 0.80aC 0.32aA 3.91bB 3.43bB 0.88aA 4.94cB 4.61cB 

(0.018-

0.028) 

(0.22-

1.19) 

(0.04-

0.08) 

(0.04-

0.07) 

(1.75-

3.75) 

(0.53-

1.21) 

(0.22-

0.47) 

(2.39-

4.49) 

(2.39-

4.19) 

(0.46-

1.36) 

(3.05-

6.01) 

(3.69-

5.75) 

Note: Tukey's test: A, B, C - compares rows (effect of each estrogen on different algae populations (PS, 
DS, S+) and exposure time). a, b, c - compare columns (effect of each estrogen (EE2, E1, E1, E+) 
on the same algae population). Different letters indicate statistically significant differences (p < 0.05). 

 

The frequencies of different morphologies observed in D. subspicatus growing in 

water control after 96 h were 96.1%, 2.5% and 1.4% for the unicellular, two-celled and 

four-celled coenobium morphology, respectively. Significant differences compared to 

control were observed in algae exposed to all concentrations (Fig. 4.8). Four-celled 

coenobium was more frequently observed in D. subspicatus exposed to EE2 (≥ 0.1 

µg/mL). Two and four-celled coenobium morphologies were more frequent in algae 

exposed to E2 at higher concentrations (≥ 0.31 µg/mL). Changes in the morphology were 

significant but relatively less frequent in algae exposed to E1 (significantly less toxic) 

compared to those exposed to EE2 and E2. Regarding the exposure to the mixture E+, 

significant differences in the morphology of D. subspicatus were observed at all tested 

concentrations. These changes in the morphology were statistically similar to E1. 

D. subspicatus has been described as presenting variable phenotypes or changes 

in growth and reproduction when exposed to environmental cues, as it seems to be the 

case for ecosystems disturbed by humans (Peña-Castro et al., 2004). Lürling (1998) 

highlighted that the population is primarily unicellular in the water control where more than 

80% of the population has unicellular form. However, when exposed to certain substances 

(infochemicals), two-, four- and eight-celled coenobia were rapidly formed. Major 

morphological changes were observed in the exponential growth phase, followed by a 

subsequent recovery of unicellular abundance in a few days.  
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Fig. 4.8: The prevalence of unicellular, two-celled coenobium and four-celled 

coenobium D. subspicatus morphologies after 96 h of exposure to the 
single estrogens: 17α-ethinylestradiol (EE2), 17β-estradiol (E2) and 
estrone (E1); and a mixture (E+) with an initial ratio of 1:1:1 at 
concentrations from 0.01 to 3.2 µg/mL (Figure 1, Paper IV ). 

 

Similarly to the exposure of individual species to single and mixed (E+) estrogens, 

the effects in terms of EC50 on the combined algae species (S+) decreased progressively 

with time in all cases (Table 4.7). Additionally, the EE2 and E2 caused equivalent toxicity 

on S+. However, this toxicity was significantly higher (lower EC50) than those caused by 

E1 and E+ on S+ cultures.   

After 96 h, the NOEC measured for S+ by fluorescence and calculated from the 

algal counting reached the same values of 0.03 µg/mL (EE2) and 0.01 µg/mL (E2, E1 and 

E+) during the algal growth inhibition test.  

After 96 h, in the control cultures of S+, the D. subspicatus represented 65% (in 

terms of density) of the entire population. In the presence of EE2 and E2, the prevalence 

of D. subspicatus in S+ cultures was even higher than in the control. According to 

Buchanan et al. (2013), lab-scale combined culture is a very interesting strategy to explore 

competitive interactions and sequential effects among species (interspecific competition or 

interactions).  
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The presence of P. subcapitata in the combined S+ culture did not induce 

coenobium formation by D. subspicatus in the control cultures (comparing the control 

cultures of Fig 4.8 and 4.9). However, individual at mixed estrogen treatments (E+) at all 

concentrations increased the frequency of coenobium formation by D. subspicatus in S+ 

(Fig. 4.9).  

 

 

 

Fig. 4.9: The prevalence of unicellular, two-celled coenobium and four-celled 
coenobium morphologies in the combined cultures of D. subspicatus and P. 
subcapitata after 96 h of exposure to the individual estrogens 17α-
ethinylestradiol (EE2), 17β-estradiol (E2) and estrone (E1) and mixed 
estrogens (E+) at an initial ratio of 1:1:1 at concentrations that varied from 
0.01 to 3.2 µg/mL. (Figure 2, Paper IV). 

 

The morphology of D. subspicatus was most affected in S+ exposed to E2 at all 

concentrations, with the sum frequency of two-celled and four-celled coenobia ranging 

from 77 to 100% (Fig. 4.9). The exposure of S+ to mixed hormones (E+) also resulted in a 

high frequency of two-celled and four-celled coenobia (from 51 to 91%), followed by the 

exposure to E1 (25 to 93%) and then, to EE2 (34 to 61%).  

After the toxicity assays presented in Papers IV and V , with D. subspicatus and P. 

subcapitata it was concluded that some aspects should be further investigated, such as 
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the effect of the attenuation occurring with time and the interspecific interactions observed 

in combined cultures, that brings up several issues and must be considered in laboratory 

assays included in environmental monitoring programs and also when algae are to be 

grown in wastewater treatment plants for the treatment itself and/or production of 

biodiesel.  

 

 

4.3. Some relevant variables for ecotoxicity experi ment design 

 

 

Supporting the concept of ecotoxicology test but with a higher degree of realism 

regarding the environmental conditions, new perspectives are required. The response of a 

selected species to a range of concentrations of a certain contaminant is just the first 

approach. A number of physical, chemical and biological parameters not always 

considered actually affect considerably the organism’s response (Diamond et al., 2006) 

(Paper VI ). 

Some important factors (among many others) to be taken into consideration when 

investigating toxicity effects in laboratory and field conditions are: (1) Contaminant 

characteristics and its gateway and pathway; (2) Selected species (bioindicator) and its 

biomarkers; (3) Dose regime/dose mode; (4) Concentration vs. load; (5) Single vs. multiple 

exposure to contaminants; (6) single vs. multiple exposure of species. Even though factors 

(1), (2) and (3) have been extensively discussed in aquatic ecotoxicology, they are 

addressed in the present discussion in order to keep factors (4), (5) and (6) in perspective 

and to highlight the way they are all related. Factors (4), (5) and (6) were selected in the 

present review at the expenses of other important ones, due to the surprisingly few 

publications that mention them in the methodology description and even less publications 

that discuss their contributions to the overall toxicity.  

The multiple interactions between two or more factors can affect the organism 

response to a contaminant or mixture of contaminants is illustrated in Fig. 4.10. 
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Fig 4.10: Variables to consider when designing an ecotoxicity assay and their 

multiple interactions. The central point represents the interaction 
among all variables (Figure 2, Paper VI). 

 

 

4.3.1. Contaminant’s characteristics, gateway and pathway 

 

 

The nature of the contaminant and its intrinsic characteristics (e.g.: physical and 

chemical properties, biodegradability) are often the reason why toxicity assays are carried 

out in the first place. However some properties related to the exposure condition, such as: 

source of contaminant and availability in the environment (single or in mixtures); routes 

travelled inside the organism, uptake rate; accumulation in the tissues (mechanisms of 

action); removal efficiency by the treatment systems (e.g.: wastewater treatment plants); 

and generated metabolites and by-products should be also consider in the toxicity assays 

(Angel et al., 2010; Ashauer et al., 2006; Landrum et al., 2012; McCahon and Pascoe, 

1990; Reinert et al., 2002; Thorpe et al., 2003). 

The way the contaminant enters the body of the aquatic bioindicator also influences 

the response (Ashauer et al., 2010; Canli and Atli, 2003; Cedergreen et al., 2005). The 

most commons ways are: via water (spiked or naturally contaminated) (Allert et al., 2013; 

Ashauer et al., 2010; Hassanin et al., 2002; Knudsen et al., 2011; Landrum et al., 2012; 

Ondarza et al., 2012; Salomão and Marques, 2014); via food or diet (spiked food or 
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exposed food) (Allert et al., 2013; Landrum et al., 2012; Lazartigues et al., 2013; Mandiki 

et al., 2005); and via intraperitoneal or intramuscular through injections in laboratory 

assays (Costa et al., 2010; Hallgren et al., 2009; Kumar, 2012; Ng et al., 2001; Purdom et 

al., 1994; Solé et al., 2000; Verslycke et al., 2002).  

 

 

4.3.2. Selected bioindicator 

 

 

In addition to the contaminant’s physical and chemical characteristics, biological 

aspects, such as the intrinsic characteristics of the bioindicator are also important in 

determining the organism’s response (Ashauer et al., 2006; Diamond et al., 2006; 

Landrum et al., 2012; Segner et al., 2003). During the process for selection of a 

bioindicator, the following should be considered: age or stage of development in the 

organism’s life cycle (e.g.: eggs, embryos, juveniles, adults, the whole life length); sex 

status or rate and reproduction mode (sexual, asexual); seasoning events (e.g.: breeding 

periods, periods of greater or lesser activity, and molting cycle); eating habits (e.g.: primary 

producers, herbivorous, carnivorous, omnivorous, detritivorous, filterers or suspension-

feeders); natural habitat conditions, life strategy and mobility (e.g.: benthic or pelagic, 

sessile or free-living species) among others (Costa et al., 2010; Per Hallgren et al., 2012; 

Reinert et al., 2002; Segner et al., 2003; Trudel and Rasmussen, 2006). 

 

 

4.3.3. Dose regime 

 

 

The dose regime (the mode the contaminant enters the aquatic system (or the 

experimental unit) is an important variable affecting the organism’s response (Ashauer and 

Brown, 2013; Panter et al., 2000; Tennekes and Sánchez-Bayo, 2013; Zafar et al., 2011). 

The dose regime applied in most ecotoxicity assays are: (i) continuous (Amachree et al., 

2013; Angel et al., 2010; Diamond et al., 2006; Thorpe et al., 2003; Vardy et al., 2011); (ii) 

intermittent or pulsed (Amachree et al., 2013; Angel et al., 2010; Ashauer et al., 2007; 
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Diamond et al., 2006; Per Hallgren et al., 2012; McCahon and Pascoe, 1990; Reinert et 

al., 2002; Souza et al., 2013); and (iii) episodic with a high initial peak or load simulating an 

accident (acute pulse of short duration) (Bejarano and Farr, 2013; Ondarza et al., 2012).  

The selection of the most appropriate dose regime for a certain assay that intends 

to simulate the real conditions the contamination occurs should be decided on a case-by-

case basis after considering a number of other variables (Landrum et al., 2012; Reinert et 

al., 2002) such as: (a) type of pollution source the assay simulates; (b) discharge 

frequency simulated; (c) water flow in the recipient water body (lentic or lotic) and; (d) 

hydrological dilution (Bejarano and Farr, 2013; Boxall et al., 2013; Handy, 1994; Reinert et 

al., 2002).  

 

 

4.3.4. Concentration vs. load mass 

 

 

Concentration remains the most widely used way to express the amount of 

contaminants in aquatic environments and environmental regulations still determine 

discharge threshold limits, based on concentrations in many countries (Diamond et al., 

2006; Landrum et al., 2012). According to Landrum et al. (2012), in simulations of one 

dose regime the initial concentration of a certain contaminant provides an estimate of the 

initial maximum exposure. However, concentration is not always the most appropriate way 

to compare exposure (in laboratory and field scales) under different dynamic conditions.  

In a real water environment, receiving water bodies can be lotic or lentic, having 

high or low flow, with different widths and depths, among other variables (Bejarano and 

Farr, 2013). In order to inform the mass of a contaminant in the aquatic environment, 

besides concentration, it is necessary to know the total water volume and also some 

bioindicator characteristics such as mobility, eating and breathing habits. Two 

experimental units with relevant differences in volumes can have the same concentration 

but the specimens will be exposed to different masses of contaminants per corporeal mass 

unit and therefore, the responses can be quite different too (Salomão and Marques, 2014) 

(Paper II ).  
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Based on the literature, it is reasonable to consider that for bioindicators with certain 

features (e.g.: high mobility in the water mass, filtrating habits, organisms with gills like 

fishes), pollutant load mass might be the most appropriate way to assess toxicity. Based 

on the uptake rate, depuration rate, and also the maximum accumulation of each type of 

contaminant in the organism (critical body threshold) of each species load has been 

applied to interprets the toxic effects (Angel et al., 2010; Ashauer et al., 2007; Boxall et al., 

2013; Diamond et al., 2006; Reinert et al., 2002; Salomão and Marques, 2014; Seim et al., 

1984).   

 

4.3.5. Single vs. multiple exposure 

 

The exposure of aquatic organisms to a combination of contaminants (multiple 

exposure) is seldom addressed in toxicity assays (Dietrich et al., 2010; Heberer, 2002; 

Landrum et al., 2012; Lazartigues et al., 2013; Monosson, 2005; Thorpe et al., 2003) 

compared to the very large number of studies available with simple substances. The multi-

exposure of aquatic organisms to combined contaminants may lead mainly to additive, 

synergistic or antagonistic effects and the results are likely to have more environmental 

relevance (Landrum et al., 2012; McCahon and Pascoe, 1990; Monosson, 2005; Thorpe et 

al., 2003). According to Thorpe et al. (2003) the fact that in nature one contaminant is 

rarely alone should be taken into account due to the ability some chemicals have for 

interactions in an additive or synergetic manner in some organisms at concentrations 

below their individual LOEC.  

The presence of other species (multiple exposure of different species) in the aquatic 

environment (in the same or in different trophic levels or ecological niches) can also affect 

the processes and produce different ecological responses due to interspecific interactions, 

like competition and predation (Boxall et al., 2013; Hallgren et al., 2012; McCahon and 

Pascoe, 1990; Salomão et al., 2014; Segner et al., 2003), resulting also in predominance 

of some species (Paper IV ) (Hallgren et al., 2012). 

Finally, multiple exposure of more than one species exposed to more than one 

contaminant simultaneously is likely to be the most common situation in contaminated 

aquatic environments. In order to simulate properly these conditions, ecotoxicicity assays 

still have a long way to go. 
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CONCLUSIONS AND RECOMMENDATIONS 

 

The decentralized engineered ecosystem (DEE) achieved satisfactory treatment 

and the final concentrations for all parameters (except for the total phosphorous) met the 

discharge threshold limits established by Brazilian and EU legislation (Paper I ). The 

vegetated tanks (constructed wetlands) promoted an additional removal of nutrients (N 

and P). Based on the ALP levels measured in male fishes exposed to DEE outlet, the 

efficiency of the DEE regarding the removal of estrogenicity from the wastewater was 

higher than that one observed for a conventional large wastewater treatment plant WWTP 

(Paper III) . This superiority of the DEE over the WWTP might be attributed to the 

multistage and strategy design, the different types and frequency of biomass harvesting, 

but also to the different composition of the inflow in both systems. 

Papers II, III, IV and V  described as expected, the wide range of sensibility 

regarding the responses from algae and fishes species to the presence of estrogenic 

hormones, endocrine disruptors and toxic contaminants in the water. 

In Papers II and IV , EE2 and E2 were found to be more toxic than E1 for two tested 

species of algae and one species of fish). As expected, Oreochromis niloticus was more 

sensitive than D. subspicatus and P. subcapitata. Based on the results the following 

decreasing sensitivity to estrogens was suggested: O. niloticus; P. subcapitata; D. 

subspicatus; and finally, the combination of both algae species (S+).  

When combined in equal proportions (1:1:1) the studied estrogens (EE2:E2:E1) 

posed different effects on the tested species. An additive effect was observed on O. 

niloticus and on the green microalgae P. subcapitata, however less than additive effect 

was observed on the green microalgae D. subspicatus.  

The combination of algae species and the intraspecific relationship, it was possible 

to conclude that: (1) D. subspicatus is a stronger competitor and prevailed over P. 

subcapitata in all situations where both were cultivated together (exposed or not to the 

contaminants); (2) the P. subcapitata did not affect the formation of coenobia by 

D. subspicatus; (3) the toxic effect was attenuated by the combination of them in the same 

culture and according to the time of exposure.  

In Papers III and V  the complex nature of the water contamination makes it difficult 

to draw robust conclusions and diagnoses about the environmental status of the studied 
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water environments. Further research is needed for clarification of how combinations of 

different species respond to complex mixtures of chemicals in water. In Paper V  the 

industrial wastewater treatment with activated carbon or pH adjustment was not sufficient 

to eliminate toxicity from the cleaning wastewater generated by the wooden floor industry 

to the level required for discharge into recipient water bodies. 

In Paper III , O. niloticus proved to be a good candidate species for environmental 

monitoring programs due to the high tolerance to different types of highly polluted waters 

(and levels of salinity), and also due to the low background (baseline) values for ALP in the 

plasma of males specimens, when compared to other fish species described in the 

literature. The combination of the applied ALP method (which removes free phosphates 

and yellowish color) with auxiliary biomarkers (particularly micronucleus) can form a 

potential protocol for respectively estrogenicity and genotoxicity detection in contaminated 

waters as part of water environmental monitoring programs. 

The ecotoxicity studies carried out in the present thesis demonstrated the 

association among bioindicator, total mass applied, dose regime, contaminant type and 

the single or multiple exposures to single or multiple contaminants. The results obtained 

suggested that at least under some circumstances, total mass applied or pollutant load 

would be a more accurate approach for evaluation of the water quality status and also to 

interpret the results of toxicity tests. Additionally, risk assessments based on toxicity 

assays should take into account not only the total mass applied but also the frequency with 

which the contaminant of interest is discharged into the recipient water body (dose regime 

or mode); the number and size/age of organisms exposed (population density) and; the 

volume of the experimental units or the receiving water body.   

Ecotoxicology tests to be developed in the future should be anchored in a more 

complete set of factors that influence the processes that determine the toxicity of a 

complex aquatic environment, both in terms of its chemical composition and the species 

that inhabit it.  
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